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ABSTRACT
The global increase in livestock and poultry production observed in the last decades has
led to an increase in animal waste generated. The animal waste contains high levels of
nitrogen and may carry antibiotics that can disturb important microbial activities such as
denitrification in terrestrial and aquatic ecosystems. Disturbances of microbial
denitrification can have detrimental consequences to environmental health. In the
terrestrial environment, denitrification is an important source and sink of N2O, a potent
greenhouse gas in the atmosphere. In aquatic ecosystems, denitrification is a dominant
NO3- removal pathway, contributing to prevent eutrophication. The overall goal of this
dissertation is to evaluate the impacts of animal waste and potential antibiotic exposure
on microbial communities responsible for denitrification in terrestrial and aquatic
ecosystems. To achieve this goal, a combined approach of measuring activity rates and
performing a molecular characterization of the microbial communities was used. In
Chapter 2, the microbial community changes associated with the impacts of acute
antibiotic exposure on denitrification were evaluated in soil microcosms. Antibiotic
exposure caused a significant increase in N2O production from denitrification. This
increase was paralleled with a greater ratio of fungi:bacteria abundance and lower
abundances of particular taxa with N2O reduction capacity. In Chapter 3, the impacts of
animal manure and antibiotic contamination on N2O fluxes and the abundance of
denitrification genes were investigated in soil mesocosms. N2O fluxes in soils treated
with manure fertilizer and tetracycline were considerably higher than in control soils. The
manure fertilization and antibiotic exposure had diverse effects on different bacterial taxa
responsible for N2O production. In Chapter 4, the denitrification activity and microbial
community structure in tidal creek sediments impacted by wastewater discharge from a
poultry processing plant were evaluated through a field survey and a microcosm
experiment. Denitrification rates were inhibited in the location affected by the wastewater
discharge. This decrease in denitrification activity was associated with changes in the
microbial community structure, such as a lower relative abundance of bacterial taxa
carrying denitrification genes and lower abundance of N2O reducing bacteria. In Chapter
5, the abundance and diversity of antibiotic resistance genes were evaluated in a tidal
creek impacted by wastewater discharge from a poultry processing plant. The numbers of
antibiotic resistance genes were higher in the location closer to the wastewater discharge,
suggesting an historic antibiotic exposure associated with the activity of the poultry
processing plant. Overall, this work provides new knowledge of the impacts of animal
waste and antibiotics on N2O emissions in terrestrial ecosystems and microbial NO3removal in aquatic ecosystems. This dissertation emphasizes the functional importance of
microbial communities to ecosystem health and their responses to anthropogenic
disturbance.
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Animal Waste and Antibiotic Impacts on Microbial Denitrification in Terrestrial and
Aquatic Ecosystems

Chapter 1. Introduction
Human population growth and industrial production of nitrogen (N) fertilizer have
drastically changed the earth’s nitrogen cycle in the 20th century (Canfield et al., 2010).
Currently, nitrous oxide (N2O) is a key greenhouse gas in terrestrial ecosystems and
excess nitrate (NO3-) is a major pollutant in aquatic ecosystems (Stein and Klotz, 2017).
The reduction of N2O emissions to the atmosphere and the efficient removal of excess
NO3- in terrestrial and aquatic ecosystems are emergent needs in order to improve
environmental sustainability. Both N2O and NO3- can be respired through microbial
denitrification, the stepwise reduction of NO3- or nitrite (NO2-) into nitric oxide (NO),
N2O, and the inert dinitrogen gas (N2). Denitrification may be impaired in terrestrial and
aquatic ecosystems by the global increase in livestock and poultry production observed in
the past decades and the associated increases in animal waste generated (Graham and
Nachman, 2010; Thornton Philip, 2010). In this dissertation, the impacts of animal waste
and antibiotics on the microbial communities responsible for N2O emission and
denitrification will be investigated in terrestrial (grassland soils) and aquatic ecosystems
(tidal creek sediments).
Denitrifiers as a source and sink of nitrous oxide (N2O) in soils
Nitrous oxide is a powerful greenhouse gas with a sustained-flux global warming
potential (SGWP) almost 300 times higher than CO2, and predicted to be the dominant
substance depleting stratospheric ozone in the 21st century (Neubauer and Megonigal,
2015; Ravishankara et al., 2009). Determining the sources and controls of N2O emissions
is therefore of great interest in regard to climate change. Natural and agricultural soils
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account for approximately 62% of total global N2O emissions, and 74% of N2O
emissions in the United States are released from agricultural soils (Thomson et al., 2012;
USEPA, 2015). Nitrous oxide emissions mostly result from two microbial pathways:
nitrification and denitrification (Figure 1) (Butterbach-Bahl et al., 2013; Thomson et al.,
2012). Dissimilatory nitrate reduction to ammonium (DNRA) is another potential source
of N2O (Stremińska et al., 2012). In denitrification, N2O can be produced as an
intermediate or end-product.
Denitrifiers are diverse microorganisms belonging to several genera of bacteria,
archaea, and fungi (Stein and Klotz, 2017). Denitrifying bacteria and archaea generate
N2O or N2 depending on the presence and expression of the nosZ genes, which encode for
N2O reductase, the enzyme that converts N2O to N2 in the last step of denitrification
(Thomson et al., 2012). Denitrifiers carrying nosZ genes are a microbial N2O sink with
the capability of mitigating N2O emissions. Recent studies of microbial genomes
discovered two nosZ genotypes in prokaryotes, clade I (nosZ-I) and clade II (nosZ-II).
Taxonomic and genetic diversity of nosZ-II is reported to be greater than nosZ-I and has
been shown to be crucial for soil N2O sink capacity (Domeignoz-Horta et al., 2015; Jones
et al., 2014, 2013). Additionally, a large percent of nosZ-II carrying microbes do not
possess the genes and enzymes for producing N2O, such as nitrite reductases (nir) or
nitric oxide reductases (nor), indicating that they are mostly N2O consumers (Graf et al.,
2014). Contrary to nosZ-carrying prokaryotic denitrifiers, fungal denitrifiers are only N2O
producers, since the nosZ gene is not found in their genomes (Shoun and Tanimoto,
1991). Thus, increased fungal denitrification can enhance N2O emissions in soil
ecosystems. Fungal denitrification has been shown to be a major N2O-producing pathway
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in many soil types, including agricultural soils (Chen et al., 2014; Ma et al., 2017; Wei et
al., 2014).
Manure and Antibiotic Impacts on Soil Nitrous Oxide Emissions
Agricultural soil and manure management are among the main human activities
producing N2O (USEPA, 2015). Manure management accounts for 14-53% of the total
N2O emissions from agricultural activities (Chadwick et al., 2011). Agricultural practices
use animal manure as a N fertilizer to enhance crop production. Besides inorganic N,
manure also contains microbially available sources of C, providing the required
substrates for microbial production of N2O (Chadwick et al., 2011). Application of
manure and other organic fertilizers, such as liquid swine waste, to agricultural fields also
has an impact on the microbial community composition and diversity, potentially leading
to increased N2O emissions from nitrification and denitrification (Phillips, 2007; Wei et
al., 2014; Whalen et al., 2000). While agricultural systems without manure application
harbor a functionally versatile community, the soils receiving organic fertilizer have
microbial communities with lower diversity that are dominated by specific microbial taxa
who specialize in decomposing the complex organic compounds found in manure
(Hartmann et al., 2014). In grasslands across the globe, nutrient inputs (N and P) seem to
affect bacterial community compositions by replacing oligotrophic bacterial taxa
(Acidobacteria) with copiotrophic taxa (Actinobacteria andα-Proteobacteria) (Leff et al.,
2015). These shifts can lead to decreased functional potential, as indicated by the
reduction of the genome sizes of bacterial community members (Leff et al., 2015). The
decreased functional potential may affect the capacity of bacterial denitrifiers to reduce
N2O to N2. Organic fertilization also enhances fungal abundance when compared to non-
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fertilized soils, with a concomitant change in fungal community composition and an
increased abundance of N2O producing fungi (Wei et al., 2014).
In addition to the direct changes caused by manure fertilization, antibiotics can be
carried in animal manure, due to widespread use of antibiotics in livestock industries
(Boxall, 2004). A large proportion of the administered antibiotics (as much as 75%) is
excreted in urine or feces, and some compounds, such as tetracycline, are resistant to
degradation during manure storage (Boxall et al., 2004; Mackie et al., 2006). Antibiotics
in the environment increase the prevalence of antibiotic-resistant microbes and antibioticresistance genes (Ding and He, 2010; Price et al., 2007; Xiong et al., 2015; Zhu et al.,
2013), affect microbial population dynamics (Ding and He, 2010), and change
microbially mediated processes, such as denitrification (Conkle and White, 2012;
Costanzo et al., 2005; DeVries et al., 2015; Ding and He, 2010; Hou et al., 2015;
Kotzerke et al., 2008; Sun et al., 2017). Various studies have demonstrated a decrease in
denitrifier abundance and denitrification activities after antibiotic exposure in soils,
coastal sediments, and groundwater (Conkle and White, 2012; Costanzo et al., 2005; Hou
et al., 2015; Kleineidam et al., 2010; Kotzerke et al., 2008; Sun et al., 2017; Underwood
et al., 2011). Others have found increased denitrification activities in soils incubated with
ultralow-dose (< 1 µg/Kg) antibiotics (DeVries et al., 2015).
It is important to note that bacterial antibiotics commonly found in the
environment inhibit bacterial growth while promoting fungal growth (Demoling et al.,
2009; Gutiérrez et al., 2010; Hammesfahr et al., 2008; Hund-Rinke et al., 2004; ThieleBruhn and Beck, 2005). Inhibiting denitrifying bacteria carrying the nosZ gene while
supporting fungal growth may increase N2O emissions. Indeed, the ratio of N2O/N2 has
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been shown to increase in sediments exposed to antibiotics (Hou et al., 2015). In other
studies, a decrease of N2O production was reported after antibiotic exposure in soils and
sediments, probably due to an overall inhibition of denitrification and limited production
of reactive intermediates (Conkle and White, 2012; Costanzo et al., 2005; Kotzerke et al.,
2008; Sun et al., 2017). However, most of the previous studies lacked a comprehensive
analysis of the microbial community changes underlying any activity changes. A better
understanding of the effects of manure and antibiotics on denitrifying bacteria and fungi
is of great environmental relevance due to the impact on greenhouse gas emissions. With
the recent findings of fungal denitrification and a new clade of nosZ-carrying denitrifiers,
there is a major gap in our understanding of the biotic and abiotic controls on microbial
N2O sources and sinks in the environment. In this dissertation, the impacts of manure and
antibiotics on soil N2O production were investigated after laboratory and mesocosm
experiments with grassland soils. Grassland ecosystems cover 26% of the Earth’s ice-free
land (Foley et al., 2011) and can be major players for global N2O emissions, especially
where pasture is occurring.
Denitrification in Tidal Creeks
As described above, denitrification has a crucial role in regulating N2O emissions in
terrestrial ecosystems. In the aquatic environment, microbial denitrification is a vital
ecosystem function with the potential to remove excess nitrogen from the system through
its stepwise reduction of nitrate (NO3-) and nitrite (NO2-) to N2O and N2. Aquatic
ecosystems have been increasingly exposed to high nitrogen loading from fertilizer use
and have become more prone to eutrophication (Sutton et al., 2013). Phytoplankton
blooms driven by excess nitrogen loading enhance the risk of hypoxia due to microbial
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respiration of sinking organic matter. Tidal creeks are important habitats for attenuating
excess nitrogen from agricultural and urban runoffs, during transport to the coastal ocean.
Microbial denitrification can be a dominant sink of fixed N in tidal creek sediments,
contributing to the prevention of eutrophication in adjacent coastal waters (Hamersley
and Howes, 2003; Jørgensen and Sorensen.J., 1985). Thus, it is important to evaluate
denitrification activities and the biotic and abiotic factors controlling denitrification in
tidal creeks.
Poultry Industry Impacts on Tidal Creek Denitrification
Tidal creeks have been exposed to multiple anthropogenic threats with continuous land
use changes. Common human pressures to these ecosystems are increased population
density, increased impervious cover, septic systems, and intensive agricultural activities
(Arnold et al., 2004; Holland et al., 2004; Mallin and McIver, 2012). The integrity and
sustainability of tidal creeks are affected by urbanization and its associated increases in
point and nonpoint source pollution (Sanger et al., 2015). Particularly, tidal creeks are
highly susceptible to the impacts of agricultural activities, such as intensive farming,
animal housing, and processing plants. In the last 60 years, livestock and poultry
industries in the US have more than doubled their production capacity and have evolved
from small scale farms to large scale concentrated animal feeding operations (CAFOs)
(Graham and Nachman, 2010; USEPA, 2013). With the substantial increase in poultry
production over the last four decades, the number of poultry processing plants also
increased drastically. Poultry processing plants are the facilities that slaughter and
process these animals into final meat products for human consumption, consequently
generating wastewater during the process. Some of these processing facilities contain

7

their own wastewater treatment plants (WWTPs). The wastewater generated is expected
to contain high levels of nitrogen (N) and phosphorous (P) and can be directly discharged
to surface waters (e.g. lakes, rivers, oceans) (Burkholder et al., 2007; USEPA, 2004).
High nutrient loading (N and P) to watersheds is widely recognized as a negative impact
of animal waste on water resources (Burkholder et al., 2007). Some pollutants potentially
released by CAFOs or animal processing plants might impact tidal creek denitrification.
Heavy metals, hormones, and antibiotics can be found in animal waste from CAFOs
(Burkholder et al., 2007; Campagnolo et al., 2002). Among these, antibiotics are of great
concern for denitrification due to their potential to inhibit microbial activity.
Antibiotics are frequently given to animals in CAFOs to prevent and treat
infections or to promote their growth. A large proportion of the administered antibiotics
is excreted in manure, resistant to degradation during manure storage, and detectable in
surface and groundwater near poultry CAFOs (Boxall, 2004; Campagnolo et al., 2002;
Mackie et al., 2006). The treated effluents from animal processing plants may also carry
these compounds due to their presence in animal waste. Various studies have
demonstrated a decrease in denitrifying bacterial abundance and their activities after
exposure to antibiotics (Costanzo et al., 2005; Hou et al., 2015; Kleineidam et al., 2010;
Kotzerke et al., 2008). Thus, tidal creeks impacted by animal waste potentially have a
lower capacity for removing excess nitrogen, disrupting a valuable ecosystem service.
Due to the ecological importance of nitrogen removal in tidal creeks and the emergence
of antibiotic pollution, the interactions between denitrifying communities and antibiotic
exposure in tidal creeks need to be investigated.
Poultry Industry in the Virginia Eastern Shore
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Virginia ranks among the top ten US states with the highest manure generation per
farmland area and ranks 11th in the nation for broiler chickens sold in 2012 (USDA,
2012; USEPA, 2013). The impacts of poultry industry pollution on microbial
communities may threaten the sustainability of nitrogen attenuation services in tidal
creeks of the VaES. The economic and ecological value of tidal creeks is highly
recognized, yet the study of these ecosystems is scarce when compared to larger estuarine
systems (Mallin and Lewitus, 2004). Efficient nitrogen removal in the VA Eastern Shore
tidal creeks is important to prevent the occurrence of algal blooms in downstream coastal
lagoons and the coastal ocean. By conducting field surveys and microcosm experiments,
this research aims to bridge the gap between animal waste pollution and denitrification
sustainability in tidal creeks.
Dissertation Objectives
The overarching goal of this dissertation is to evaluate the impacts of animal waste and
potential antibiotic exposure on microbial communities responsible for denitrification in
terrestrial and aquatic ecosystems. The primary hypothesis is that animal manure and
antibiotic exposure will cause a shift in microbial communities leading to higher N2O
production in grasslands and lower denitrification activities in tidal creeks. In order to
achieve the overarching goal and test the primary hypothesis this dissertation
encompasses the following research chapters:
•

In Chapter 2, I explored the microbial community changes associated with the
impacts of acute antibiotic exposure on microbial denitrification and N2O
production in soil microcosms.
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•

In Chapter 3, I analyzed the impacts of manure and antibiotic contamination on
N2O fluxes and the abundance of denitrification genes in soil mesocosms.

•

In Chapter 4, I performed a field survey and a microcosm experiment to
investigate denitrification activity and microbial community structure in tidal
creek sediments impacted by wastewater discharge from a poultry processing
plant.

•

In Chapter 5, I employed a metagenomic analysis of sediments to examine the
abundance and diversity of antibiotic resistance genes in a tidal creek impacted by
wastewater discharge from a poultry processing plant.
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Figure 1. Microbial N2O-producing pathways. The genes responsible for the different
steps of each pathway are highlighted: nap – periplasmic dissimilatory nitrate reductase;
nar – membrane-bound dissimilatory nitrate reductase; nir – nitrite reductase; nor – nitric
oxide reductase; nosZ – nitrous oxide reductase; amo – ammonium monooxygenase; hao
– hydroxylamine oxidoreductase; nxr – nitrite oxidoreductase; nrf – dissimilatory
periplasmic cytochrome C nitrite reductase.
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Chapter 2. Antibiotic Effects on Microbial Communities
Responsible for Denitrification and N2O Production in Grassland
Soils
2.1. Abstract
Antibiotics in soils may affect the structure and function of microbial communities. In
this study, we investigated the acute effects of tetracycline on soil microbial community
composition and production of nitrous oxide (N2O) and dinitrogen (N2) as the endproducts of denitrification. Grassland soils were pre-incubated with and without
tetracycline for one-week prior to measurements of N2O and N2 production in soil
slurries along with the analysis of prokaryotic and fungal communities by qPCR and
next-generation sequencing. Abundance and taxonomical composition of bacteria
carrying two genotypes of N2O reductase genes (nosZ-I and nosZ-II) were evaluated
through quantitative PCR and metabolic inference. Soil samples treated with tetracycline
generated 12 times more N2O, but N2 production was reduced by 84% compared to the
control. In parallel with greater N2O production, we observed an increase in the
fungi:bacteria ratio and a significant decrease in the abundance of nosZ-II carrying
bacteria; nosZ-I abundance was not affected. NosZ-II-carrying Bacillus spp. (Firmicutes)
and Anaeromyxobacter spp. (Deltaproteobacteria) were particularly susceptible to
tetracycline and may serve as a crucial N2O sink in grassland soils. Our study indicates
that the introduction of antibiotics to agroecosystems may promote higher N2O
production due to the inhibitory effects on nosZ-II-carrying communities.
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2.2. Introduction
Microbial denitrification is a dominant respiratory pathway for reactive Nremoval in terrestrial and aquatic ecosystems. Diverse microorganisms belonging to
several genera of bacteria, archaea, and fungi perform denitrification (Stein and Klotz,
2017). Dinitrogen gas (N2) is the end-product of complete denitrification: the stepwise
reduction of nitrate (NO3-) and nitrite (NO2-) to nitric oxide (NO), nitrous oxide (N2O),
and dinitrogen (N2). However, many microorganisms do not carry the necessary genes to
perform complete denitrification and may instead release N2O as the end-product of
incomplete denitrification. Since N2 is radiatively inert and N2O is a potent greenhouse
gas and the dominant source of stratospheric ozone depletion, the atmospheric impacts of
complete and incomplete denitrification are dramatically different (Neubauer and
Megonigal, 2015; Ravishankara et al., 2009). Denitrifiers capable of complete
denitrification to N2 rely on the presence and expression of the nosZ gene, which encodes
N2O reductase, the enzyme that converts N2O to N2 (Thomson et al., 2012). NosZcarrying prokaryotes, found in both Archaea and Bacteria, consume N2O and therefore
are an important biological sink for N2O in soils (Domeignoz-Horta et al., 2015; Jones et
al., 2014; Ma et al., 2011; Samad et al., 2016). Because the nosZ gene is missing in
fungal genomes, fungal denitrifiers have an incomplete denitrification pathway and are a
source of N2O (Maeda et al., 2015; Mothapo et al., 2015; Shoun et al., 2012).
Recent studies of nosZ gene diversity have revealed the presence of two nosZ
genotypes, clade I (nosZ-I) and clade II (nosZ-II), that have different phylogenetic,
physiologic, and ecological properties (Hallin et al., 2017). The taxonomic and genetic
diversity of nosZ-II carrying prokaryotes is greater than nosZ-I and is positively
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correlated to soil N2O sink capacity (Domeignoz-Horta et al., 2015; Jones et al., 2013,
2014). Additionally, a larger percent of nosZ-II carrying bacteria do not possess the genes
that encode for nitrite reductase (Nir) and nitric oxide reductase (Nor) enzymes, which
are necessary to produce N2O (Graf et al., 2014; Jones et al., 2014). This indicates that
nosZ-II carrying bacteria are mostly N2O consumers, rather than N2O producers. The
abundance and diversity of the two clades also appear to respond differently to
environmental parameters including pH, moisture, and nutrient concentrations
(Domeignoz-Horta et al., 2015; Jones et al., 2014; Samad et al., 2016). When considering
responses to environmental contaminants, such as antibiotics, the differential responses of
the two nosZ genotypes have not been studied yet.
Antibiotics are introduced into soils from multiple anthropogenic sources, such as
in applications of animal manure and biosolids, inappropriate disposal of unused
medicines, and in wastewater treatment effluents (Boxall, 2004). Animals excrete
between 17%–90% of antibiotics administered during livestock production in their feces
and urine (Massé et al., 2014), and soil concentrations can range from a few µg to g per
kg (Thiele-Bruhn, 2003). Animal manures with antibiotics are frequently applied to
agricultural soils as fertilizer (Sengeløv et al., 2003; Zhu et al., 2013) where they can
affect denitrification activity of the microbial communities (DeVries et al., 2015;
Kotzerke et al., 2008; Sun et al., 2017). Various studies have shown that antibiotics can
decrease the abundance and activity of bacterial denitrifiers in soils, coastal sediments,
and groundwater (Costanzo et al., 2005; Hou et al., 2015; Kleineidam et al., 2010;
Kotzerke et al., 2008; Underwood et al., 2011). For example, chlortetracycline and
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oxytetracycline were shown to inhibit denitrification activities in groundwater and
estuarine sediments, respectively (Ahmad et al., 2014; Yin et al., 2017).
Antibiotics may also alter soil microbial community composition, with cascading
effects on net N2O production. For example, the fungi:bacteria ratio may be greater
following antibiotic exposure if bacteria are selectively inhibited by the antibiotic
(Demoling et al., 2009; Gutiérrez et al., 2010; Hammesfahr et al., 2008; Thiele-Bruhn
and Beck, 2005). Since fungal denitrifiers produce N2O while some bacterial denitrifiers
can reduce N2O to N2, an increase in the fungi:bacteria ratio is expected to increase N2O
production from denitrification. However, that will also depend on which bacterial
denitrifiers are inhibited. A selective inhibition of denitrifying bacteria carrying the nosZ
gene would lower the N2O sink capacity (DeVries et al., 2015; Hou et al., 2015; Wu et
al., 2017; Yin et al., 2017), leading to increased N2O production and decreased N2
production. Alternatively, all denitrifying bacteria (those with and without the nosZ gene)
could be inhibited by antibiotics, leading to an overall decrease in both N2O and N2
production (Conkle and White, 2012; Costanzo et al., 2005; Kotzerke et al., 2008; Sun et
al., 2017). Elucidating how antibiotics might alter microbial communities, including the
two clades of nosZ-carrying prokaryotes and fungi, is therefore fundamental to
understanding the effects on net N2O production from denitrification.
The objective of this research was to investigate the microbial community
changes associated with the antibiotic impacts on microbial denitrification and N2O
production. To achieve this goal, we conducted a laboratory experiment with grassland
soil samples treated with tetracycline, an inhibitor of bacterial protein synthesis that
belongs to one of the largest classes (tetracyclines) of antimicrobials used in the US
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livestock industry (USEPA, 2013). Tetracycline compounds are ranked second in
production and usage of antibiotics worldwide (Daghrir and Drogui, 2013).We
hypothesized that tetracycline would cause a shift in microbial community structure,
leading to a greater relative abundance of fungi to bacteria, lower abundance of nosZcarrying bacteria, lower N2 production, and greater net production of N2O. This is the
first report simultaneously evaluating the impacts of antibiotic exposure on prokaryotic
and fungal communities as well as the two clades of nosZ-carrying bacteria associated
with soil N2O emission.
2.3. Materials and Methods
2.3.1. Soil Collection
Soils were collected from a managed grassland farm (60 ha) in Emmons County, North
Dakota, United States (46º24’22”; 100º23’16”), where there had been no history of
antibiotic or other agro-chemical application (including fertilizer), based on 80 years of
farm records. Since 1990, the farm has been enrolled in the Conservation Reserve
Program (CRP) because the soils were classified as highly erodible and not suitable for
crop production by the U.S. Department of Agriculture Farm Services Agency (USDAFSA). The CRP allows only limited grassland harvest (every 3-5 years) and no grazing
(Phillips et al., 2015). A total of 16 plots (1 m2) were established within a 0.2 ha area to
collect soil core samples following spring thaw on March 19, 2014. Air temperature at
the time of coring was 2 ºC.
Two sets of surface soil samples (2.5 dia. x 10 cm depth) were collected using a
hand auger at random locations within each plot and stored at 4 ºC. One set was collected
to determine background bulk density, gravimetric soil moisture, total organic carbon
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(TOC), total nitrogen (TN), pH, and soil texture (sand, silt, clay). Porosity and percent
water-filled pore space (%WFPS) at the time of soil collection were calculated based on
bulk density and moisture using a particle size density of 2.65 g cm-3. Soil sampling and
measurement protocols are detailed in (Phillips et al., 2012). The second set of soil
samples were collected for tetracycline exposure incubations (see below). Before coring
each plot, the auger was carefully cleaned and rinsed with alcohol. Three small diameter
cores were collected per plot and mixed together to form one composited sample per plot.
These were immediately shipped to the Virginia Institute of Marine Science (VIMS) for
the antibiotic exposure work.
2.3.2. Exposure of Soil to Tetracycline
Each of the 16 soil samples was split into two groups and 15 g of soil were amended with
either 7.5 ml of autoclaved DI water (control group) or tetracycline (tetracycline group)
delivered in 7.5 ml of autoclaved DI water (final tetracycline concentration of 1 mg g-1
soil). The tetracycline concentration used here is within the range of antibiotic
concentrations known to repress microbial iron (III) reduction and denitrification (Long
et al., 2013; Thiele-Bruhn, 2005). Each paired sample, control and tetracycline, was
incubated in the dark at room temperature for one week. After incubation, samples were
split into two groups, one for N2O and N2 production rate measurements, and one, which
was stored at -80 °C, for microbial community analysis and soil properties measurements.
2.3.3. Soil Properties of Incubated Samples
Soil pH was determined using a glass electrode with a soil:deionized water mixture of 1:1
(w/v). Percent organics was determined by loss of ignition (500 °C, 4h). Total organic
carbon (TOC) and total nitrogen (TN) were quantified using the Exeter CHN Model 440
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CE analyzer. Soil NO3- and NH4+ were measured in a Lachat QC8000 FIA after
extraction with 2M KCl (2:1 KCl to sediment ratio).
2.3.4. Activity Measurements: N2O and N2 Production Rates
All 16 pairs of samples were used for soil slurry incubation experiments to measure
potential rates of denitrification (moles of added 15N-labelled NO3- transformed to 30N2)
as well as total N2O production, following the method described by (Long et al., 2013).
One gram of each soil sample was pre-incubated anaerobically, after flushing with He
gas, in 12-ml exetainer tubes overnight. Two sets of tubes were prepared to measure N2
and N2O production from each sample. Pre-incubation served to deplete the resident soil
NO3- and NO2- pools (NOx) prior to spiking with 200 nmoles of potassium nitrate
(K15NO3: 99%). Before the addition of potassium nitrate, all tubes were reflushed with
He for 5 min to remove background N2, CO2, and other atmospheric gases. Time course
incubations (time points 0 and 1 h after 15NO3- spike) were carried out in duplicate at
room temperature. A 0.2 ml of potassium hydroxide (KOH) solution (4M) was added at
each time point to stop microbial activity. The 30N2 gas in the headspace was measured
on a continuous-flow isotope ratio mass spectrometer (Thermo Delta V Advantage,
Thermo Scientific) in line with an automated gas bench interface (Thermo Finnigan Gas
Bench II, Thermo Scientific). The N2O gas in the headspace was measured using a gas
chromatograph fitted with an electron capture detector (Shimadzu). The gas
chromatograph was calibrated with commercial N2O standards and the coefficient of
variation for 3 to 5 replicate injections of low and high concentration standards was
consistently <3%. Potential rates of denitrification and N2O production were calculated
based on the amounts of 30N2 and N2O, respectively, measured at T0 and T1 (1 hour)
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after 15NO3 addition following the method described in Long et al (2013). The samples
with high N2 and N2O measured at T0 (3 for N2 and 6 for N2O) were excluded in the rate
calculation due to incomplete killing of microbial activities, which may be resulted from
insufficient amount of KOH application.
2.3.5. Molecular Analysis: Bacterial and Fungal Abundance
A subset of the soils stored at -80 °C (4 pairs: 4 control and 4 tetracycline samples) was
selected for microbial community analysis according to the measured activity rates to
include the full range of N2 production inhibition (59 to 100% inhibition) by the
tetracycline treatment. Genomic DNA was extracted from 0.5 g of soil using the
PowerSoil DNA Isolation kit (MoBio). The DNA quality was assessed using a NanoDrop
spectrometer (Thermo Scientific) and quantified with a QubitTM fluorometer (Invitrogen)
and the dsDNA high-sensitivity kit. The abundance of bacteria and fungi was quantified
by quantitative polymerase chain reaction (Q-PCR) of 16S rRNA and internal transcribed
spacer (ITS) genes, respectively, using the QuantStudio 6 Flex (Thermo Scientific).
Standards were prepared through a serial dilution of plasmids carrying the target genes
and quantified using an Agilent 220 TapeStation System (Agilent Technologies). The
primers EU341F (5’-CCT ACG GGA GGC AGC AG-3’) and 685R (5’-ATC TAC GGA
TTT CAC TCC TAC A-3’) were used to generate 344 bp amplicons of bacterial 16S
rRNA genes. The fungal ITS region was amplified using the primers ITS1F and ITS2,
(Buee et al., 2009) generating 300-400 bp fragments. The 20 µL Q-PCR reactions for 16S
rRNA and ITS quantification consisted of 10 µL of SYBR green Go-Taq qPCR Master
Mix (Promega), 0.05 µL of CRX dye, 1 µL of each primer (10µM), 2 ng of template
DNA, and were adjusted to final volume with nuclease-free H2O. The Q-PCR conditions
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for 16S quantification were as follows: 10 min at 95 °C, followed by 40 cycles of 15 s at
95 °C, 30 s at 55 °C, and 30 s at 72 °C. Efficiency and R2 values for the 16S qPCR
reaction were 63% and 0.99, respectively. The detection limit was 2400 gene copies per
sample. For ITS quantification, the Q-PCR conditions were as follows: 10 min at 95 °C,
followed by 35 cycles of 15 s at 95 °C, 30 s at 50 °C, and 1 min at 72 °C. Efficiency and
R2 values for the ITS qPCR reaction were 55% and 0.97, respectively. The detection limit
was 1170 gene copies per sample. All reactions were performed in 96 well plates with
two negative controls, which contained no template DNA, to exclude any potential
contamination. Reaction specificity was confirmed using gel electrophoresis in
comparison with standards and monitored by analysis of dissociation curves. Gene copy
number per PCR well was calculated from the standard curve according to the following
equation:
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Where Ct corresponds to the threshold cycle of the sample, and a and b correspond to the
Y-intercept and slope of the logarithmic standard curve, respectively. Copy numbers per
well were then converted to copy number per g of soil according to the following
equation, assuming 100% DNA extraction efficiency:
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2.3.6. Molecular Analysis: Microbial Community Composition and Diversity
Next-generation sequencing of prokaryotic 16S rRNA and fungal ITS genes was used to
examine the composition and diversity of prokaryotic and fungal communities in control
and tetracycline samples. The communities were analyzed through barcode
pyrosequencing using the Ion Torrent PGM sequencer. The variable V4 region of the 16S
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rRNA gene was amplified through PCR, using the forward primer 515F and a modified,
barcoded reverse primer 806R (Caporaso et al., 2011). The ITS1 variable region of fungal
ITS was amplified using a modified, barcoded forward primer ITS1F and the reverse
primer ITS2 (Bellemain et al., 2010; Gardes and Bruns, 1993; White et al., 1990). The
PCR mixture for 16S rRNA amplification contained 10 µL of GoTaq mix, 1 µL of
primers at 10 µM, 1 µL of template DNA (10-30 ng/µL), and nuclease-free H2O up to 25
µL. The PCR conditions for 16S rRNA amplification were as follows: 3 min at 95 °C,
followed by 25 cycles of 30 s at 95 °C, 1 min at 55 °C, and 1 min at 72 °C, followed by 5
min at 72 °C. The PCR mixture for ITS amplification contained 0.2 µL of Taq
Polymerase (Invitrogen), 1 µL of primers at 10 M, 1 µL of template DNA (10-30 ng/µL),
2.5 µL of buffer (Invitrogen), 0.75 µL of dNTPs mix (1 mM), 1.0 µL of MgCl2 (50 mM),
0.25 µL of bovine serum albumin at 10 mg/mL (BSA), and nuclease-free H2O up to 25
µL. The PCR conditions for ITS amplification were as follows: 4 min at 94 °C, followed
by 30 cycles of 30 s at 94 °C, 1 min at 50 °C, and 90 s at 72 °C, followed by 10 min at 72
°C. The fragment size of the 16S rRNA (354 bp) and ITS (363 bp) amplicons and
negative control amplification were checked by 1% agarose gel electrophoresis. PCR
products from each sample were pooled into a homogeneous mixture and a 2% agarose
gel was run in duplicate to extract the amplicons, which were purified using an
UltraClean GelSpin DNA Purification Kit (Promega). The concentration of purified
amplicons was measured using a 2200 TapeStation instrument, following the
manufacturer’s instruction. Pyrosequencing was conducted on the Ion Torrent PGM
sequencer with barcode samples pooled on Ion 316 chips, following the Ion PGM Hi-Q
Sequencing Kit protocol (Thermo Scientific).
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2.3.7. Bioinformatic Analysis of 16S rRNA and ITS Sequences
Bioinformatic analysis of the 16S rRNA sequences was performed using the Mothur
program (Schloss et al., 2009). Primer sequences were trimmed, and all sequences shorter
than 200 bp and with a quality score lower than 25 were removed. Acacia was used to denoise the trimmed sequences (Bragg et al., 2012). The remaining sequences were then
processed using Mothur (Schloss et al., 2009). Unique sequences were found after
alignment with the Silva SEED database (Quast et al., 2013). Badly aligned sequences
were removed, unique sequences were pre-clustered, and chimeras were removed using
UCHIME (Edgar et al., 2011). Sequences were classified using the SILVA v119
taxonomy, and unknown taxa were removed (Quast et al., 2013). Operational
taxonomical units (OTUs) were clustered at 97% identity using the opticlust algorithm.
Bacterial and archaeal OTUs were extracted for separate analysis of each community’s
richness and diversity; samples were subsampled to the lowest number of sequences to
normalize the diversity estimates. Chao and Ace indexes were calculated to estimate
species richness, and Shannon was calculated to estimate α-diversity and community
evenness. β-Diversity among samples was estimated using the Bray-Curtis dissimilarity
calculator.
Fungal ITS sequence analysis was carried out using Mothur and UPARSE (Edgar,
2013; Schloss et al., 2009). After initial processing of the FASTQ files using Acacia as
described above, sequences were clustered into OTUs at 97% identity, using the
UPARSE pipeline (Edgar, 2013). The samples were then subsampled to the lowest
number of sequences and analyzed for species richness, diversity, and evenness, as
described above for the prokaryotic community. Parallel to the OTU analysis, unique ITS
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sequences were classified using the UNITE v6_sh_97 ITS database in Mothur
(Abarenkov et al., 2010).
2.3.8. Inference Analysis of NosZ-carrying Bacteria Community Composition
Bacterial taxa carrying nosZ were identified based on a denitrification gene inference
analysis on the rarefied bacterial 16S rRNA sequences (22388 sequences per sample)
using PAthway PRediction by phylogenetIC plAcement (PAPRICA) (Arfken et al., 2017;
Bowman and Ducklow, 2015). A customized PAPRICA database was constructed with
8,513 complete and 785 draft bacterial genomes. The nosZ genes in the reference
genomes were identified based on the KEGG database and used for gene prediction as
described in Arfken et al (2017). The estimated abundances of nosZ-carrying taxa were
normalized to the number of 16S rRNA gene copies predicted for each taxon. Based on
the taxonomy, the taxa carrying nosZ-I or nosZ-II were identified. Inferred abundances of
nosZ clades per gram of soil were also calculated by multiplying relative abundances
obtained through PAPRICA with the Q-PCR 16S copy numbers.
2.3.9. Molecular Analysis: NosZ-I and NosZ-II Abundance
Quantitative PCR (Q-PCR) of nosZ-I and nosZ-II genes was also performed to measure
the abundance of microorganisms responsible for the reduction of N2O to N2, using the
QuantStudio 6 Flex (Thermo Scientific). Standards were prepared through a serial
dilution of plasmids carrying the target genes and quantified using an Agilent 220
TapeStation System (Agilent Technologies). The primers used for nosZ-I genes were
nosZ1F and nosZ1R and generated 300 bp amplicons (Henry et al., 2006). The nosZ-II
genes were amplified using nosZIIF and nosZIIR primers that generated 690-720 bp
amplicons (Jones et al., 2013). The 20 µL Q-PCR reactions for nosZ-I and nosZ-II
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quantification consisted of 10 µL of SYBR green Go-Taq qPCR Master Mix (Promega),
0.05 µL of CRX dye, 1 µL (nosZ-I) or 4 µL (nosZ-II) of each primer (10µM), 2 ng of
template DNA, and were adjusted to final volume with nuclease-free H2O. The thermal
cycling conditions were the following: 10 min at 95 °C, followed by 50 (nosZ-I) or 55
(nosZ-II) cycles of 15 s at 95 °C, 45 s at 55 °C (nosZ-I) or 30 s at 54 °C (nosZ-II), 30 s at
72 °C, and 35 s at 80 °C for fluorescence detection. Amplification efficiencies were 46%
and 40% for the nosZ-I and nosZ-II genes, respectively. The R2 value of the standard
curves was 0.99 for both genes. The detection limit was 4600 and 1240 gene copies per
sample for the nosZ-I and nosZ-II genes, respectively. All reactions were performed in 96
well plates with two negative controls, which contained no template DNA, to exclude any
potential contamination. Reaction specificity was confirmed using gel electrophoresis in
comparison with standards and monitored by analysis of dissociation curves during
quantitative amplification. The gene copy numbers per gram of soil were calculated as
described above for 16S rRNA gene and ITS.
2.3.10. Statistical Analysis
Normality of all variables was assessed with Q-Q plots. Variables with large departures
from normality were analyzed with non-parametric tests. A paired two-sample Mann–
Whitney-Wilcoxon test (non-parametric) was used to identify significant differences
between activity rates of control and tetracycline samples. Paired two-sample t-tests
(parametric) were used to test for significant differences in 16S rRNA gene and ITS
abundances, taxa relative abundances in prokaryotic and fungal communities, diversity
estimators, and nosZ-I and nosZ-II gene abundances between control and tetracycline
samples. Simple linear regressions were used to assess the relationship between nosZ
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abundances inferred by PAPRICA and determined by Q-PCR. Significant relationships
for all tests were considered at α < 0.05. These statistical analyses were conducted in R
(version 3.2.2. Copyright 2015 The R Foundation for Statistical Computing). Significant
differences between control and tetracycline treatments in the abundance of nosZcarrying taxa from PAPRICA analysis were tested by fitting the data into a generalized
linear model (GLM) based on the negative binomial distribution using the DESeq
function of the DESeq2 package in R (Love et al., 2014). A principal coordinate analysis
(PCoA) was also performed to evaluate the β-diversity of bacterial, archaeal, and fungal
communities using the phyloseq package in R (McMurdie and Holmes, 2013).
Significant effects of the treatment in OTU dissimilarity among samples were tested by
multivariate permutational ANOVA (PERMANOVA) using the adonis function of the
vegan package in R (Oksanen et al., 2017).
2.4. Results and Discussion
2.4.1. Soil Properties
Average (standard deviation) bulk density, sand, silt, and clay contents for the 0-10 cm
soil depth increment were 1.19 (0.04) g cm-3, and 730 (13), 230 (38) and 40 (30) g kg-1,
respectively. At the time of soil collection, soil porosity was 55 (1.7) % and %WFPS was
38 (4). Total organic carbon (TOC) and total nitrogen (TN) were 1.7 (0.2) and 0.2 (0.02)
% dry weight (dw), respectively, and soil pH was 6.2 (0.1). Physicochemical factors
potentially affecting microbial communities and denitrification activities were examined
after the 1-week incubation period (Table 1). The only factor that was significantly
different between the two groups was pH (paired t-test, p<0.05). The tetracycline group
(average pH = 6.9) had a significantly lower pH than the control group (average pH =
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7.4). Despite this difference, the pH for both groups remained within the neutral region,
where the 0.5 difference is not likely to significantly affect the denitrification endproducts (McMillan et al., 2016; Rochester, 2003).
2.4.2. Effects of Tetracycline on Denitrification: N2O and N2 Production
Rates of potential N2O and N2 production were significantly affected by tetracycline
treatment, as shown in Figure 1 (paired Mann–Whitney-Wilcoxon test, p<0.05). N2O
production in the tetracycline group ranged from 2.07 to 13.97 nmol N2O-N g-1 h-1, as
compared to 0.32 to 1.37 nmol N2O-N g-1 h-1 in the control group. N2 production in the
treated soil ranged from 0 to 24.2 nmol 30N2-N g-1 h-1, as compared to 1.52 to 108 nmol
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N2-N g-1 h-1 measured in the controls. Average N2O production was 12 times higher in

the tetracycline group, while N2 production was inhibited by up to 84%. The N2O-N/N2N ratio was 42 times higher in the tetracycline group than the controls. These results
suggest that microbial reduction of N2O to N2 is strongly inhibited and N2O production is
enhanced in soils exposed to tetracycline.
The stimulatory effect of antibiotics on N2O production has recently been
observed in agricultural soils and estuarine sediments exposed to other antibiotics, such
as sulfamethazine and narasin, for similar time periods and in lower concentrations than
this study (DeVries et al., 2015; Hou et al., 2015; Yin et al., 2017). Observed increases in
N2O production have been attributed to a shift in the end-products of denitrification from
N2 to N2O driven by the stronger inhibition of N2O-reducing bacteria than N2Oproducing bacteria (DeVries et al., 2015; Hou et al., 2015; Yin et al., 2017). However,
different antibiotics, such as norfloxacin or a mixture of sulfadiazine, sulfamethoxazole,
florfenicol, and chloramphenicol, were shown to reduce N2O production across various
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time periods and low exposure concentrations (Sun et al., 2017; Yin et al., 2017). The
antibiotics’ effect on net N2O production seems to be dependent on the antibiotic type,
dosage, and time of exposure, but no clear pattern has emerged in the literature. When
considering tetracycline, we found only one study that measured how chronic exposure to
tetracycline affected the production of different intermediates of denitrification in riverine
sediments (Roose-Amsaleg et al., 2013). Roose-Amsaleg et al. (2013) reported no
significant effect of tetracycline on NO3- reduction, or NO2- and N2O production at
variable tetracycline concentrations up to 10 mg L-1. In our study, acute exposure to
tetracycline in soil increased N2O and inhibited N2 production, indicating that the final
denitrification step from N2O to N2 was susceptible to antibiotic exposure.
2.4.3. Effects of Tetracycline on Bacterial and Fungal Abundance
The abundance of bacterial 16S rRNA genes and fungal ITS is shown in Figure 2. The
abundance levels observed in the control group ranged from 5.11 x 1010 to 5.79 x 1010
16S rRNA gene copies g-1 soil and from 1.27 x 108 to 3.25 x 108 ITS copies g-1 soil. The
tetracycline treatment had no significant effect (paired t-test, p>0.05) on the abundance of
either bacteria or fungi. However, the lowest levels of bacterial abundance and the
highest levels of fungal abundance were observed in samples exposed to tetracycline,
which resulted in a significant increase (paired t-test, p<0.05) in the fungi:bacteria ratio in
samples exposed to tetracycline compared to control (Figure 2).
The small subset of samples used for the molecular analysis (see Material and
Methods section) may have limited our capacity to detect smaller changes in bacterial or
fungal absolute abundances. However, the subset used was enough to detect significant
changes in the fungi:bacteria ratio, as hypothesized. Previous studies showed significant
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increases in the fungi:bacteria ratio in soils exposed to antibiotics, including tetracyclines
(Demoling et al., 2009; Ding and He, 2010; Gutiérrez et al., 2010; Hammesfahr et al.,
2008; Thiele-Bruhn and Beck, 2005). This is expected since tetracycline inhibits bacterial
growth and may leave nutrients and habitat for fungal growth. The increase in the
fungi:bacteria ratio suggests that the higher N2O production observed could be associated
with fungal denitrification (Maeda et al., 2015; Mothapo et al., 2015; Shoun et al., 2012).
Various studies have shown that fungal denitrification is a major contributor to N2O
production in different soils (Chen et al., 2015; Huang et al., 2017; Laughlin and Stevens,
2002; Long et al., 2013; Wei et al., 2014).
2.4.4. Effects of Tetracycline on Prokaryotic Community Composition
A total of 201,980 16S rRNA gene sequences were obtained for taxonomical analysis
following screening and filtering of the prokaryotic sequences. Bacteria was clearly the
most abundant domain with relative abundances ranging from 89% to 96%, while
archaeal sequences represented less than 12% of the communities. The tetracycline
treatment shifted the relative abundance away from Bacteria (paired t-test, p=0.00426)
and toward Archaea (paired t-test, p=0.00440) by 4%. This was expected since
tetracycline is an antibacterial compound that would mostly inhibit bacterial growth. The
relative abundances of the most represented prokaryotic phyla (16S rRNA > 1% of total
reads) in control and tetracycline groups are shown in Figure 3. Eleven abundant phyla
were identified. All samples except one were dominated by Acidobacteria, representing
19 – 30% of the sequences, followed by Proteobacteria (17 – 26%), Firmicutes (0.5 –
17%), Actinobacteria (8.3 – 16%), and Thaumarchaeota (3.7 – 11%). The prokaryotic
phyla that were significantly different between control and tetracycline groups were
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Actinobacteria (paired t-test, p=0.00203), Chloroflexi (paired t-test, p=0. 00287),
Firmicutes (paired t-test, p=0.00210), and Thaumarchaeota (paired t-test, p= 0.00430).
The most drastic effect was the decline in the relative abundance of Firmicutes, from an
average of 14% in controls to 0.9% in the tetracycline samples. The Firmicutes classes
most affected by the tetracycline treatment were Bacilli and Clostridia (Figure S1).
These results show that specific bacterial taxa are more susceptible to tetracycline
exposure despite its broad-spectrum antibacterial properties.
Firmicutes is likely to be less resistant to tetracycline according to previous
studies, which report a decrease in the ratio of Gram-positive:Gram-negative bacteria
when exposed to tetracycline and other antimicrobials (Ding and He, 2010; Gutiérrez et
al., 2010; Hund-Rinke et al., 2004). Indeed, the vast majority of tetracycline-resistant
bacteria are Gram-negative (Schnabel and Jones, 1999). The observed decrease in the
relative abundance of Firmicutes may have important consequences for N2O reduction
since bacteria harboring nosZ genes without possessing any nir or nor gene are mainly
found amongst the Bacteroidetes and Firmicutes phyla (Graf et al., 2014).
2.4.5. Effects of Tetracycline on Fungal Community Composition
A total of 369,805 (ITS) sequences were obtained for taxonomical analysis following
screening and filtering of the fungal sequences. The relative abundances of the most
represented fungal phyla (ITS > 1% of total reads) in control and tetracycline groups are
shown in Figure 4. Five abundant phyla were identified. All samples were dominated by
Zygomycota, representing 47 – 80% of the sequences, followed by Ascomycota (18 –
49%). The tetracycline treatment did not have significant effects (paired t-test, p>0.05) on
the relative abundance of any fungal phyla, including the N2O producing Ascomycota,
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Basidiomycota, and Zygomycota (Maeda et al., 2015; Mothapo et al., 2015). Most fungal
denitrifiers belong to the Sordariomycetes, Eurotiomycetes, and Saccharomycetes classes
(Mothapo et al., 2015). No significant differences between treatments were detected in
the relative abundance of any of these classes (Figure S2). Although the present study
shows a tetracycline impact on N2O production and the fungi:bacteria abundance ratio,
no individual impacts appear to occur in fungal denitrifier taxa.
2.4.6. Effects of Tetracycline in the Community Richness and Diversity
Principle coordinate analysis (PCoA) represents β-diversity of microbial communities
based on the calculated dissimilarities among samples (Figure 5). The first two principal
coordinates represented 58.6% and 80.3% of the variation in bacterial and archaeal
communities (Figure 5A, B), respectively. The archaeal β-diversity was not significantly
affected by the tetracycline treatment (PERMANOVA, p>0.05), while the bacterial
communities had a distinct clustering of control samples separated from the tetracycline
samples. This result shows a significant difference (PERMANOVA, p<0.05) between the
compositions of bacterial communities in control and tetracycline groups. Previous
studies also reported significant effects of different antibiotics (sulfadiazine, tylosin,
amoxicillin, and ciprofloxacin) on bacterial community structure in soils and marine
sediments (Binh et al., 2007; Hammesfahr et al., 2008; Näslund et al., 2008; Westergaard
et al., 2001; Zielezny et al., 2006). When considering tetracyclines, Zielezny and coauthors (2006) did not find significant effects in the bacterial community structure after
exposure to 1-50 mg Kg-1 of chlortetracycline for 48 hours. This result contrasts with our
study, where the effects of tetracycline on bacterial community structure were significant,
probably due to the higher dosage and longer duration of exposure tested (one week).
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Since tetracyclines are protein synthesis inhibitors with bacteriostatic action (i.e. limits
bacterial growth) rather than bactericidal it is possible that an incubation period longer
than 48 hours is necessary to detect changes in community structure.
Contrasting to the bacterial communities, no clear patterns were observed in
fungal β-diversity (Figure 5C). The first two principal coordinates represented 66.9% of
the variation in fungal communities and no significant effect of treatment was observed
(PERMANOVA, p>0.05). This result is consistent with the observed lack of significant
changes in the relative abundance of the most abundant fungal phyla and classes.
The effects of tetracycline on species richness and microbial α-diversity are
displayed in Table 2. Interestingly, bacterial α-diversity, estimated through calculation of
the Shannon Index (H’), was significantly higher (paired t-test, p<0.05) in the tetracycline
group (average H’ = 6.36) when compared to controls (average H’ = 5.98). An increase
in bacterial diversity after antibiotic exposure was not expected since previous studies
have shown that antibiotic exposure decreases bacterial diversity in the soil ecosystem
(Cycoń et al., 2016; Ding and He, 2010; Westergaard et al., 2001; Zielezny et al., 2006).
However, temporary increases (after 4 days of exposure) in bacterial diversity of
agricultural soils exposed to antibiotics have also been reported (Hammesfahr et al.,
2008). The increase in bacterial diversity was probably caused by the inhibition of the
most dominant taxa and a slight increase in the numbers of rare taxa. This explanation is
supported by the significant increase in community evenness (paired t-test, p<0.05),
estimated through calculation of the Shannon index-based Evenness (EH), and the nonsignificant difference observed in both indexes of species richness (Chao and Ace)
(paired t-test, p>0.05). We found that higher community diversity in the tetracycline
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group was associated with higher N2O emission, while previous studies showed that these
two variables are negatively correlated (Samad et al., 2016; Wagg et al., 2014). These
studies, however, tested a broader range of bacterial diversity and statistically tested the
direct relationships between microbial diversity and N2O emissions. In our study, the
observed higher bacterial diversity in the tetracycline group with higher N2O production
could be sporadic and the relationship between microbial diversity and N2O emissions is
outside of the scope of this work.
Similarly to the β-diversity patterns, no significant changes (paired t-test, p>0.05)
were detected in fungal species richness, α-diversity, or evenness with tetracycline
exposure (Table 2). As expected, tetracycline had no impact on the composition of the
fungal communities at any taxonomical level.
2.4.7. Effects of Tetracycline on NosZ-carrying Community Composition
By employing metabolic inference using PAPRICA (Bowman and Ducklow, 2015), we
were able to identify the 16S rRNA sequences belonging to the bacterial taxa carrying
either nosZ-I or nosZ-II genes. Within the nosZ-I community, Gammaproteobacteria was
the most abundant class, followed by Alphaproteobacteria (Proteobacteria) (Figure S3).
A few sequences belonging to the Caldilineae class (Chloroflexi) and Betaproteobacteria
(Proteobacteria) were also observed in this study. The nosZ-II communities were more
taxonomically diverse at the phylum and class levels (Figure S4). Sixteen classes of
nosZ-II-carrying taxa were identified and virtually all samples were dominated by
Chitinophagia (Bacteroidetes), Deltaproteobacteria (Proteobacteria), and Opitutae
(Verrucomicrobia).
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The effects of tetracycline on nosZ-carrying taxa were evaluated based on the
changes in families and genera of bacteria carrying nosZ-I or nosZ-II genes (Figure 6).
The tetracycline group had a significantly higher abundance of the nosZ-I carrying
Rhodanobacter spp. (Gammaproteobacteria) than the control group (negative binomial
GLM, p=0.0038) (Figure 6A). On the other hand, the tetracycline treatment significantly
decreased the abundance of two nosZ-II carrying taxa, Bacillus spp. (Firmicutes)
(negative binomial GLM, p=0.0008) and Anaeromyxobacter spp. (Deltaproteobacteria)
(negative binomial GLM, p=0.0375) (Figure 6B). Abundances of both taxa were
approximately 8 times lower in the tetracycline group.
The observed decrease in nosZ-II-carrying Bacillus spp. is consistent with the
decrease in relative abundance of Firmicutes and provides evidence that some of the
affected Firmicutes bacteria were potential nosZ-II carriers. The microbes harboring nosZ
genes without possessing any nir or nor gene are frequently found amongst the
Firmicutes phylum (Graf et al., 2014). This underscores the importance of some nosZcarrying Firmicutes as N2O consumers, rather than N2O producers, in the soil ecosystem.
The other genus that had lower abundances in the tetracycline group, Anaeromyxobacter
spp. is also known as a nondenitrifying N2O reducer, i.e. these bacteria do not possess all
other denitrification genes besides nosZ (Hallin et al., 2017; Sanford et al., 2012). This
finding suggests that non-denitrifying N2O reducers are more susceptible to antibiotic
disturbance than denitrifying N2O reducers. Both nosZ-II taxa significantly affected by
the tetracycline exposure are likely important N2O consumers rather than N2O producers.
The observed decreases in abundances of Bacillus (Firmicutes) and Anaeromyxobacter
(Deltaproteobacteria) may thus explain the observed increase in N2O/N2 ratio in the same
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treatment. These decreases also indicate that, despite tetracycline being a broad-spectrum
antibiotic, there are functional bacterial taxa more susceptible than others.
2.4.8. Effects of Tetracycline on Bacterial nosZ Abundance
The abundances of nosZ-I and nosZ-II genes measured by Q-PCR are shown in Figure 7.
Abundances of nosZ-I and nosZ-II genes in the control group ranged from 1.04 to 2.13 x
109 copies g-1 soil and from 0.45 to 1.03 x 109 copies g-1 soil, respectively. The nosZ-I
abundance was not significantly affected by tetracycline (paired t-test, p>0.05), while the
nosZ-II abundance was significantly lower (paired t-test, p<0.05) in the tetracycline
group (Figure 7).
Together, nosZ-I and nosZ-II comprised 2.9 – 5.5 % of the total number of 16S
rRNA gene copies, which are in accordance with reports in the literature for nosZ relative
abundances (Domeignoz-Horta et al., 2015; Jones et al., 2013, 2014). Taking the effect of
tetracycline into account, the nosZ-II community appears to be more sensitive to the
antibiotic than the nosZ-I community. This result supports the observed taxonomical
changes described above for the nosZ-carrying taxa. The nosZ-II community was
previously reported to be more sensitive than nosZ-I to other environmental factors, such
as pH, calcium concentration, soil moisture, total N, and crop rotation systems
(Domeignoz-Horta et al., 2015; Jones et al., 2014; Samad et al., 2016). The significant
decrease of nosZ-II abundance reported here for samples exposed to tetracycline
corresponds to the observed increase in N2O/N2 ratio in the same treatment, which
underscores the importance of this clade as N2O consumers.
Abundance of nosZ-I and nosZ-II genes measured by Q-PCR were compared with
the inferred abundance of both genes by PAPRICA (Figure 8). A significant, positive
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linear correlation was observed between the two estimates of the nosZ clades. The
inferred abundances of nosZ-I were on average 17% lower than those determined by QPCR, while inferred nosZ-II abundances were on average 2 times higher than Q-PCR
results.
A similar significant relationship between inferred and Q-PCR abundances was
previously reported for the nosZ-I gene in the oyster microbiome (Arfken et al., 2017).
These findings suggest that 16S rRNA gene-based metabolic inference is a promising
approach to evaluate functional gene abundances and community composition in
environmental samples. Despite the small sampling size of our study and the intrinsic
limitations of a reference database, this approach could be of great relevance to the
microbial ecology field as 16S rRNA gene high throughput sequencing becomes
increasingly available.
2.5. Conclusions
We present several lines of evidence that unveil the microbial community changes
associated with the antibiotic impacts on soil denitrification. The increase in N2O/N2 ratio
from denitrification is paralleled by a greater fungi:bacteria ratio and lower abundance of
nosZ-II carrying bacteria. Non-denitrifying N2O reducers belonging to the Firmicutes and
Deltaproteobacteria phyla appear to be particularly susceptible to an acute exposure to
tetracycline and may be crucial for soil N2O sink capacity. Future research aiming to
predict N2O emissions based on microbial community structure under antibioticdisturbed environments would potentially benefit from targeted approaches to these taxa.
Overall, the findings of this study emphasize the importance of microbial community
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dynamics to fundamental ecosystem processes that can have major impacts on the
emissions of a potent greenhouse gas such as N2O.
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2.8. Tables
Table 1. Soil properties in samples incubated with and without tetracycline.

Treatment

Plot

pH

% organics

TOC
(% dw)

TN
(% dw)

NO3(mg kg-1)

NH4+
(mg Kg-1)

Control

1

7.32

6.31

2.34

0.21

21.27

21.10

2

7.16

5.00

1.56

0.15

4.94

15.98

3

7.69

4.44

1.65

0.18

6.40

15.02

4

7.25

5.59

1.69

0.16

6.17

16.08

1

7.05

5.65

2.42

0.25

150.83

15.02

2

6.71

4.64

1.41

0.14

48.19

18.02

3

7.04

4.64

1.49

0.14

15.60

11.46

4

6.77

5.87

2.18

0.19

32.56

13.99

0.010

0.589

0.699

0.841

0.146

0.249

Tetracycline

Paired t-test p-value
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Table 2. Species richness and α-diversity of microbial communities from control and
tetracycline samples.
Richness
Treatment
Bacteria
(16S)

Control

Tetracycline

Plot

Seqs

OTUs

Coverage

Control

Tetracycline

Control

Tetracycline

Shannon

Shannon

22388

2986

0.931

5820.3

7617.0

6.05

0.76

2

22388

2734

0.937

5159.3

7209.6

5.82

0.74

3

22388

2636

0.939

5047.7

7195.1

5.98

0.76

4

22388

2767

0.937

5236.3

7032.6

6.09

0.77

1

22388

3052

0.931

5749.6

7511.0

6.44

0.80

2

22388

2874

0.933

5462.4

7641.0

6.27

0.79

3

22388

3005

0.928

6126.8

8868.8

6.35

0.79

4

22388

2944

0.933

5446.9

7486.5

6.39

0.80

0.220

0.202

0.001

0.003

1

946

16

0.994

23.5

29.3

1.88

0.68

2

946

19

0.989

41.5

74.0

2.02

0.69

3

946

19

0.990

31.0

43.8

1.95

0.66

4

946

17

0.993

38.0

73.9

2.05

0.72

1

946

12

0.998

13.0

13.9

1.85

0.74

2

946

15

0.996

16.5

19.7

2.00

0.74

3

946

14

0.995

19.0

29.0

1.96

0.74

4

946

15

0.996

17.0

20.1

2.04

0.75

0.016

0.054

0.200

0.016

Paired t-test p-value
Fungi
(ITS)

Ace

Evenness

1

Paired t-test p-value
Archaea
(16S)

Chao

Diversity

1

25863

261

0.999

276.3

271.5

3.28

0.59

2

25863

224

0.999

232.0

231.3

2.42

0.45

3

25863

174

0.999

180.5

181.1

3.18

0.62

4

25863

238

0.999

249.8

247.7

3.56

0.65

1

25863

220

0.999

239.9

235.5

2.64

0.49

2

25863

192

0.999

200.3

199.6

3.65

0.69

3

25863

196

0.999

207.1

212.7

2.79

0.53

4

25863

269

0.999

277.1

279.5

3.44

0.62

Paired t-test p-value

0.853

0.958

0.960

0.942
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2.9. Figures

Figure 1. N2O and N2 production rates of control (blue) and tetracycline (red) samples.
Significant difference between control and tetracycline treatment is marked with *
(paired Mann–Whitney-Wilcoxon test, p<0.05). Each sample is represented by one point.
The boxes represent the first and third quartiles, with median value bisecting each box.
The whiskers extend to the largest/smallest value, excluding outliers (data beyond 1.5 x
inter-quartile range).
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Figure 2. Comparison of bacterial 16S rRNA gene and fungal ITS abundance in control
(blue) and tetracycline (red) samples. Significant difference between control and
tetracycline treatment is marked with * (paired t- test, p<0.05). Each sample is
represented by one point. The boxes represent the first and third quartiles, with median
value bisecting each box. The whiskers extend to the largest/smallest value, excluding
outliers (data beyond 1.5 x inter-quartile range).
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Figure 3. Prokaryotic community composition at the Phylum level for control and
tetracycline samples. Only Phyla with relative abundance higher than 1% are shown.
Phyla with significant difference between control and tetracycline samples are marked
with * in the legend (paired t-test, p<0.05).
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Figure 4. Fungal community composition at the Phylum level for control and tetracycline
samples. Only Phyla with relative abundance higher than 1% are shown. Taxa with
significant difference between control and tetracycline samples are marked with * in the
legend (paired t-test, p<0.05).
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Figure 5. Principal Coordinate Analysis (PCoA) plot representing the β-diversity of the
bacterial (A), archaeal (B), and fungal (C) communities from control (blue) and
tetracycline (red) samples. Both bacterial and archaeal communities were examined
based on 16S rRNA gene sequences while ITS sequences were used for fungal
communities. Sample dissimilarity and distance analysis was calculated using the BrayCurtis dissimilarity index. Significant effects (p<0.05) of the treatment in OTU
dissimilarity were tested by multivariate permutational ANOVA (PERMANOVA) and
the p-values are shown in each plot.
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Figure 6. Difference in the nosZ-carrying microbial community composition between
tetracycline and control samples for nosZ-I (A) and nosZ-II (B) bacteria. Each dot
denotes a taxon that is either higher (log2 fold change > 0) or lower (log2 fold change < 0)
in the tetracycline treated samples when compared to the control samples. Taxa are
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organized by Family in decreasing order and colored by Genus. Normalized abundances
were obtained by metabolic inference of 16S rRNA gene sequences using PAPRICA and
tested for significant effects (p < 0.05) of treatment by fitting the data into a generalized
linear model (GLM) based on the negative binomial distribution. Taxa with significant
difference between tetracycline and control samples are marked with * in the legend.
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Figure 7. NosZ-I and nosZ-II abundance measured by quantitative PCR (Q-PCR) in
control (blue) and tetracycline (red) samples. Significant difference between control and
tetracycline treatment is marked with * (paired t-test, p<0.05). Each sample is represented
by one point. The boxes represent the first and third quartiles, with median value
bisecting each box. The whiskers extend to the largest/smallest value, excluding outliers
(data beyond 1.5 x inter-quartile range).
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Figure 8. Linear regressions comparing inferred and quantified nosZ gene abundances
for control (blue) and tetracycline (red) samples. The inferred nosZ abundances were
calculated by multiplying the relative abundances obtained through metabolic inference
(PAPRICA) with the 16S rRNA gene abundances. The shaded area represents the 95%
confidence interval of the linear regression predictions.
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2.10. Appendix A
Prokaryotic Class Composition
Control

Tetracycline

Acidobacteria
Actinobacteria
Alphaproteobacteria
Bacilli
Betaproteobacteria
Chloroflexia
Clostridia
Deltaproteobacteria
Gammaproteobacteria
Gemmatimonadetes
Holophagae
KD4−96
MB−A2−108
Nitrospira
Phycisphaerae
Planctomycetacia
Rubrobacteria
Soil_Crenarchaeotic_Group(SCG)
Spartobacteria
Sphingobacteriia
Thermoleophilia
TK10

Relative Abundance (Classes > 1%)

75

50

25

0
1

2

3

4

1

2

3

4

Plot Number

Figure S1. Prokaryotic community composition at the Class level for control and
tetracycline samples. Only Classes with relative abundance higher than 1% are shown.
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Fungal Class Composition
Control

Tetracycline

Relative Abundance (Classes > 1%)

50

40

Agaricomycetes
Dothideomycetes
Eurotiomycetes
Glomeromycetes
Lecanoromycetes
Leotiomycetes
Sordariomycetes

30

20

10

0
1

2

3

4

1

2

3

4

Plot Number

Figure S2. Fungal community composition at the Class level for control and tetracycline
samples. Only Class with relative abundance higher than 1% are shown.
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N osZ − I Phylum Composition
Control

Tetracycline

Predicted Normalized nosZ − I Counts

600

400

Chloroflexi
Proteobacteria
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0
1

2

3

4

1

2

3
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Plot Number

N osZ − I Class Composition
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Tetracycline

Predicted Normalized nosZ − I Counts
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1

2

3

4

Plot Number

Figure S3. NosZ-I community composition at the Phylum and Class level for control and
tetracycline samples. Normalized abundances were obtained by metabolic inference of
16S rRNA gene sequences using PAPRICA.
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N osZ − II Phylum Composition
Control

Tetracycline

Predicted Normalized nosZ − II Counts

600

Bacteroidetes
Chloroflexi
FCB group
Firmicutes
Flavobacterium
Gemmatimonadetes
Ignavibacteriae
Proteobacteria
Spirochaetes
unclassified Bacteria
Verrucomicrobia

400

200

0
1

2

3

4

1

2

3

4

Plot Number

N osZ − II Class Composition
Control

Predicted Normalized nosZ − II Counts

300

Tetracycline

Alphaproteobacteria
Ardenticatenia
Bacilli
Bacteroidetes Order II
Betaproteobacteria
Chitinophagia
Clostridia
Cytophagia
Deltaproteobacteria
Epsilonproteobacteria
Flavobacteriia
Ignavibacteria
Opitutae
Saprospiria
Sphaerobacteridae
Sphingobacteriia

200

100
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4

1
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Plot Number

Figure S4. NosZ-II community composition at the Phylum and Class level for control
and tetracycline samples. Normalized abundances were obtained by metabolic inference
of 16S rRNA gene sequences using PAPRICA.
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Chapter 3. Impacts of manure fertilization and tetracycline
contamination on N2O fluxes from grassland soils: A mesocosm
study
3.1. Abstract
Agricultural practices such as manure fertilization may increase nitrous oxide (N2O)
emissions from agroecosystems. Due to the wide use of antibiotics in the livestock
industry, animal manures can also transfer antibiotics to soils, potentially impacting
microbial processes involved in N2O production and consumption, such as denitrification.
The combined effects of manure fertilization and antibiotic contamination on N2O fluxes
are not well understood. The objective of this study was to determine the impacts of
manure and tetracycline on N2O fluxes and denitrification gene abundance in saturated
soils, where denitrification is expected to dominate N2O production. We performed a soil
mesocosm experiment for 30 days where we applied cow manure with and without
tetracycline to grassland soil cores. We measured in-situ N2O fluxes, N2 and N2O
production rates in slurry incubations, and denitrification gene abundance through
quantitative polymerase chain reaction (qPCR). The highest N2O fluxes throughout the
experiment were observed in cores treated with manure and tetracycline combined. The
cumulative fluxes in these cores were three times higher than cores without manure by
the end of the experiment. Differential responses of denitrification genes were observed
in the different mesocosm treatments. For instance, nirK and nosZ-II abundances were
higher in cores treated with manure, while nirS and nosZ-I abundances were similar in
cores treated with or without manure. We did not find successful regression models of
N2O fluxes in this study, but the ratio of the two nitrite reductase genes (nirK to nirS)
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appears to be linked to N2O fluxes in saturated soils. The results from this study strongly
suggest that antibiotic contaminated manure can substantially increase N2O emissions
from agricultural soils, with potential impacts on global warming. This impact should be
taken into account in organic fertilization and animal waste management.
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3.2. Introduction
Nitrous oxide (N2O) is a powerful greenhouse gas with a sustained-flux global warming
potential almost 300 times higher than CO2 (Neubauer and Megonigal, 2015). It is also
predicted to be the dominant substance depleting stratospheric ozone in the 21st century
(Ravishankara et al., 2009). Determining the sources and regulation of N2O gas emissions
is of great interest in regard to climate change and global warming. Natural and
agricultural soils account for approximately 62% of global N2O emissions (Thomson et
al., 2012). In the United States, 74% of N2O emissions are released from agricultural soils
and manure management is among the main human activities producing N2O (USEPA,
2015). In the countries reporting to the United Nations Framework Convention on
Climate Change (UNFCCC), manure management accounts for 14-53% of total N2O
emissions from agricultural activities (Chadwick et al., 2011). Agricultural practices use
animal manure as nitrogen (N) and phosphorous (P) fertilizers to enhance crop
production. Besides inorganic N, manure also contains multiple sources of carbon (C),
supporting heterotrophic microbial processes producing N2O.
Application of manure and other organic fertilizers to agricultural fields also has
an impact on the microbial community composition and diversity, potentially leading to
enhanced N2O emissions from nitrification and denitrification (Chen et al., 2019; Phillips,
2007; Wei et al., 2014; Whalen et al., 2000; Yuan et al., 2017). While agricultural
systems without manure application harbor a functionally versatile community, soils
receiving organic fertilizer can have microbial communities with lower diversity that are
dominated by specific microbial taxa decomposing the complex organic compounds
found in manure (Hartmann et al., 2014). Furthermore, due to the widespread use of
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antibiotics in livestock industries, antibiotics can be carried in animal manure (Boxall,
2004). A large proportion of antibiotics (as much as 75%) is excreted in urine or feces,
and some compounds, such as tetracycline, are resistant to degradation during manure
storage and application (Boxall et al., 2004; Hamscher et al., 2002; Mackie et al., 2006).
Antibiotics in agricultural soils may increase the prevalence of antibiotic-resistant
microbes and antibiotic resistance genes (Xiong et al., 2015; Zhu et al., 2013), change
microbial population dynamics, and affect microbially mediated processes such as N2Oproducing metabolism (Conkle and White, 2012; Costanzo et al., 2005; DeVries et al.,
2015; Ding and He, 2010; Hou et al., 2015; Kotzerke et al., 2008; Semedo et al., 2018;
Sun et al., 2017).
Nitrification and denitrification are the dominant microbial pathways of N2O
production in soils (Butterbach-Bahl et al., 2013; Thomson et al., 2012). Nitrous oxide is
a by-product of ammonia oxidation, the first step of nitrification, and can be an
intermediate or end-product of denitrification, the stepwise reduction of nitrate (NO3-) or
nitrite (NO2-) into nitric oxide (NO), nitrous oxide (N2O), and the inert dinitrogen gas
(N2) (Thomson et al., 2012). Denitrification is expected to be the dominant N2O
producing pathway in wet, saturated soils, while nitrification is expected to be more
relevant in drier, more aerobic soils (Cardenas et al., 2017). Denitrifiers are diverse
microorganisms belonging to several genera of bacteria, archaea, and fungi (Stein and
Klotz, 2017). It is now widely recognized that denitrification in the environment is
performed by complex networks of microorganisms and exhibits high modularity (Graf et
al., 2014; Kuypers et al., 2018; Stein and Klotz, 2017). Each of its reduction steps is only
possible due to the activity of enzymes expressed by different genes: NO3- reduction by
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the membrane-bound or periplasmic nitrate reductases (nar or nap); NO2- reduction by
cytochrome cd1 or copper-containing nitrite reductases (nirS or nirK); NO reduction by
nitric oxide reductase (nor); and N2O reduction by nitrous oxide reductases (nosZ-I and
nosZ-II). Some microorganisms may carry the complete genetic inventory of
denitrification genes while others may only carry truncated pathways. This can be critical
to N2O emissions because microorganism can either be N2O producers-only, N2O
reducers-only, or both. Fungal denitrifiers, for example, are not known to carry the nosZ
gene in their genomes and are thus N2O producers-only (Shoun and Tanimoto, 1991). On
the other hand, denitrifying bacteria and archaea can be a major N2O sink in agricultural
soils due to the presence of the nosZ gene in many bacterial and archaeal genomes (Graf
et al., 2014).
Manure fertilization and antibiotic contamination may affect the balance between
microbial producers and reducers of N2O due to their ability to impact microbial
community composition and diversity. For instance, organic fertilization can enhance
fungal abundance, with a concomitant change in fungal community composition and
increased abundance of N2O producing fungi (Wei et al., 2014). Bacterial antibiotics can
further enhance the fertilizer effect by inhibiting bacterial growth while promoting fungal
growth (Demoling et al., 2009; Gutiérrez et al., 2010; Hammesfahr et al., 2008; HundRinke et al., 2004; Thiele-Bruhn and Beck, 2005). Inhibiting denitrifying bacteria
carrying the nosZ gene while supporting fungal growth may increase N2O emissions.
Indeed, the ratio of N2O/N2 has been shown to increase in soils and sediments exposed to
antibiotics (Hou et al., 2015; Semedo et al., 2018; Yin et al., 2017). On the other hand, a
decrease of N2O production has also been reported after antibiotic exposure in soils and
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sediments, probably due to an overall inhibition of denitrification and limited production
of reactive intermediates (Conkle and White, 2012; Costanzo et al., 2005; Kotzerke et al.,
2008; Sun et al., 2017). A better understanding of the effects of manure and antibiotics on
denitrifying communities is an important research need due to the potential impacts on
N2O emissions.
Most of the previous studies lack a comprehensive analysis of the microbial
community changes underlying activity or net emission changes. To advance our
understanding of denitrifier responses to organic fertilization and antibiotic
contamination, and their relationships with N2O emissions, it is important to address
genes responsible for the different steps of microbial denitrification. The objective of this
study was to determine the impacts of manure and tetracycline on N2O fluxes and the
abundance of denitrification genes in saturated soils. Furthermore, we aimed to examine
the linkage between N2O fluxes, denitrification genes, and important physicochemical
drivers. We performed an intact soil mesocosm experiment under controlled greenhouse
conditions for 30 days where manure with and without tetracycline amendment was
applied to evaluate the impacts on in-situ N2O fluxes and potential rates of N2O and N2
production. We used tetracycline at environmentally relevant concentrations as a model
antibiotic due to its frequent use in the animal industry and presence in multiple
environments (Daghrir and Drogui, 2013). Besides denitrification, N2O sources are
numerous, so direct linkages between flux measurements and gene abundances can be
problematic. In this study, we set up conditions to promote denitrification, i.e. warm and
saturated soils, to prevent the overlap with other N2O-producing pathways, such as
nitrification.
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3.3. Material and methods
3.3.1. Sample Collection
Soils were collected from a managed grassland farm (60 ha) in Emmons County, North
Dakota, United States (46º24’22”; 100º23’16”), where there had been no history of
antibiotic or other agro-chemical application (including fertilizer), based on 80 years of
farm records. The farm has been enrolled in the Conservation Reserve Program (CRP) as
previously described (Phillips et al., 2015; Semedo et al., 2018). A total of 16 plots (1 m2)
were established within a 0.2 ha area to collect soil core samples following the spring
thaw on March 30, 2015. Air temperature at the time of coring was approximately 2ºC.
Two sets of surface soil samples were collected with a PVC core sampler (20 cm
dia. x 20 cm depth) at random locations within each plot. Plants were clipped to the
surface and loose litter removed prior to coring. One set of cores was collected to
determine background bulk density, gravimetric soil moisture, total organic carbon
(TOC), total nitrogen (TN), pH, and soil texture (sand, silt, clay). Porosity and percent
water-filled pore space (%WFPS) at the time of soil collection were calculated based on
bulk density and moisture using a particle size density of 2.65 g cm-3. Average (standard
deviation) bulk density, sand, silt, and clay contents for the 0–20 cm soil depth were 1.15
(0.05) g cm-3, and 73.5 (1.8) %, 24 (3.3) % and 2.5 (2.5) %, respectively. At the time of
soil collection, soil porosity was 55 (1.7) % and %WFPS was 38 (4). TOC and TN were
1.5 (0.2) and 0.2 (0.02) % dry weight (dw), respectively, and soil pH was 6.1 (0.1). Soil
sampling and measurement protocols are detailed in Phillips et al. (2012). The second set
of soil cores was immediately packaged and shipped to the Virginia Institute of Marine
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Science (VIMS), where they were placed in cold storage (4 ºC) before the mesocosm
experiment.
3.3.2. Mesocosm Experiment
The 16 cores were placed in a greenhouse (air temperature: 23.9 ºC) and rewetted before
treatment application. Four treatments were randomly applied to the soil cores: control
(water only), tetracycline in water (0.1 mg Kg-1 of soil), wetted cow manure (13.3 Kg m-2
of soil), wetted manure with tetracycline (2 mg Kg-1 of manure). The mass of tetracycline
applied to the cores with and without manure was the same. Manure was wetted with 1.5
volume of water per mass of manure. All treatments were performed in quadruplicate.
Air-dried cow manure was used as the N source and the tetracycline concentration was
selected based on previously published environmental concentrations (Daghrir and
Drogui, 2013; Hamscher et al., 2002; Qiao et al., 2012; Thiele-Bruhn, 2003). The manure
C and N content was 29% and 1.5%, respectively. The cores were incubated for 30 days
in a greenhouse (air temperature: 22.8 - 33.2 ºC) with limited light exposure. Moisture
levels were monitored and soils were kept saturated (average 63% water-filled pore space
(WFPS)). During the 30 day-long experiment, in-situ N2O fluxes were monitored at 6
time points (days 1, 5, 9, 15, 22, 30) and soil plug cores were collected at 4 time points
(days 1, 5, 15, 30) for determination of soil physicochemical properties and molecular
characterization of the microbial community. Both the N2O fluxes and the soil plug cores
were also collected before treatment application (day 0) to evaluate background
differences in the respective variables. An extra set of soil plug cores was also collected
at day 30 (post-treatment) to determine potential N2O and N2 production rate
measurements.
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3.3.3. Soil Properties
Soil temperature was determined with a digital dial thermometer (VWR International)
inserted in the surface soil layer. Soil pH was determined using a glass electrode in a 1:1
slurry of soil to deionized water (w/v). Percent organics was determined by loss on
ignition (500 °C, 4h). Soil NO2-, NO3-, and NH4+ were measured in a Lachat QC8000
FIA after extraction with 2M KCl (2:1 KCl to sediment ratio). Soil moisture was
measured gravimetrically by drying the soils at 105 ºC for 48h.
3.3.4. Measurement of N2O fluxes
In-situ N2O fluxes were measured through collection of headspace gas samples by a static
chamber technique (Whalen et al., 2000). Before treatment application, a PVC pipe (10
cm dia. x 25 cm height) with opened bottom and top was permanently added to the
surface soil of each core. At each sampling time-point, open-bottomed cylindrical PCV
covers (10.5 cm dia. x 10.5 cm height) fitted with a butyl O-ring were inserted onto the
PVC pipes to isolate 0.0079 m2 of soil surface and 2.1 L of overlying air. Chamber
headspace gases were sampled using a 15 mL syringe at 10-min intervals for 30 minutes.
Samples were transferred to evacuated 12-mL Exetainer tubes and stored at room
temperature for no longer than one month prior to analysis. N2O gas was measured using
a gas chromatograph fitted with an electron capture detector (GC-ECD: Shimadzu). The
GC-ECD was calibrated with commercial N2O standards and the coefficient of variation
for three to five replicate injections of low and high concentration standards was
consistently < 3%. Nitrous oxide fluxes were calculated from the linear rate of
concentration increase in the headspace during the 30-min sampling periods. Cumulative
N2O fluxes were calculated using the midpoint approach on each chamber (Phillips et al.,
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2009). Starting on day 1, we averaged the N2O fluxes of two consecutive time points,
multiplied it by the hours between the two time points, and added the result to the
following time point and so forth.
3.3.5. Measurement of potential rates of denitrification and N2O production
At day 30 (post-treatment) of the experiment, soil slurry incubations were performed with
surface soil samples (< 10 cm deep) to measure potential rates of denitrification (moles
of added 15N-labeled NO3 transformed to 30N2) and total N2O production, as previously
described (Long et al., 2013; Semedo et al., 2018). Briefly, one gram of each soil sample
was transferred to 12 mL exetainer tubes and flushed with He gas to generate an anoxic
environment. Samples were pre-incubated overnight in the dark to remove residual NOxin the soil. After overnight pre-incubation, the exetainer tubes were reflushed with He
and spiked with 100 nmol of potassium nitrate (K15NO3: 99%). Time course incubations
(time points 0 and 2 h after 15NO3- spike) were carried out in duplicate at room
temperature. A 0.2 mL solution of potassium hydroxide (KOH, 4M) was added at each
time point to stop microbial activity. Production of 30N2 was measured in the headspace
with an isotope ratio mass spectrometer (IRMS) and used to calculate potential
denitrification rates (expressed as nmol 30N2-N/g/h soil). Separate and simultaneous
incubations were set up for N2O quantification in the headspace using a GC-ECD
(Shimadzu). The headspace N2O concentration at each time point was used to calculate
production rates of N2O (expressed as nmol N2O-N/g/h soil).
3.3.6. Molecular Microbial Analysis
The soil plug cores collected at days 0, 1, 5, 15, and 30 of the mesocosm experiment were
used for the quantification of total bacteria, total fungi, and denitrifiers through
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quantitative polymerase chain reaction (qPCR) using the QuantStudio 6 Flex (Thermo
Scientific). Genomic DNA was extracted from 0.5 g of soil using the DNeasy
PowerLyzer PowerSoil kit (Qiagen) and quantified with a Qubit fluorometer (Invitrogen)
and the dsDNA high-sensitivity kit. The abundance of total bacteria was quantified
through qPCR of the 16S rRNA gene using the primers EU341F and 685R to generate
344 bp amplicons of bacterial 16S rRNA genes (Semedo et al., 2018). Total fungi
abundance was quantified by qPCR of the internal transcribed spacer (ITS), using the
ITS1F and ITS2 primers (Buee et al., 2009), generating 300 - 400 bp amplicons.
The abundance of denitrifiers was quantified by qPCR of cytochrome cd1 nitrite
reductase (nirS), copper-containing nitrite reductase (nirK), and clade I and clade II
nitrous oxide reductase genes (nosZ-I and nosZ-II). The primers used for nirS
amplification were nirScd3aF and nirSR3cd and generated 400 bp amplicons (Kandeler
et al., 2006; Throbäck et al., 2004). The nirK gene was amplified using the nirKF1aCu
and nirKR3Cu primers, that generated 450 bp fragments (Hallin and Lindgren, 1999).
The primers used for nosZ-I genes were nosZ1F and nosZ1R and generated 300 bp
amplicons (Henry et al., 2006). The nosZ-II gene was amplified using nosZIIF and
nosZIIR primers that generated 690-720 bp amplicons (Jones et al., 2013).
The 12 µL qPCR reactions for each gene quantification consisted of 6 µL of
SYBR green Go-Taq qPCR Master Mix (Promega), 0.03 µL of CRX dye, 0.6 µL of each
primer (10µM), 0.12 µL of BSA, 2 µL of template DNA (2 ng/ µL), and 2.65 µL of
nuclease-free H2O. The qPCR conditions for 16S rRNA gene, ITS, nosZ-I, and nosZ-II
amplification were previously described (Semedo et al., 2018), and the conditions for
nirS gene amplification are described in Chapter 4 of this dissertation. The qPCR
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conditions for nirK amplification were the following: 10 min at 95 °C, followed by 50
cycles of 15 s at 95 °C, 1 min at 57 °C, 1 min at 72 °C, and 35 s at 80 °C for fluorescence
detection. Standards for each gene were prepared through a serial dilution of PCR
products from plasmids carrying the target gene and quantified using an Agilent 220
TapeStation System (Agilent Technologies). PCR amplification efficiencies were 61%
(16S), 86% (ITS), 59% (nirS), 74% (nirK), 56% (nosZ-I) and 62% (nosZ-II). The R2
value of the standard curves was 0.99 for the six genes. All reactions were performed in
384-well plates with two negative controls, which contained no template DNA, to
exclude any potential contamination. Reaction specificity was confirmed using gel
electrophoresis in comparison with standards and monitored by analysis of dissociation
curves during quantitative amplification.
3.3.7. Statistical analysis
A mixed model three-way ANOVA with repeated measures (with core as a random
effect) was used to assess significant effects of treatment and experiment day (as an
ordinal categorical covariate) in soil physicochemical parameters, N2O fluxes, and gene
abundance. For each variable, differences before treatment application (day 0) were
assessed with one-way ANOVA (with treatment as a fixed effect). No significant
differences were detected before treatment application for the tested variables (Figures
S1, S2, and S3). A one-way ANOVA was also performed to test the effects of treatment
in cumulative N2O fluxes and N2 and N2O production rates by the end of the experiment
(day 30). Tukey’s HSD tests were used to perform multiple comparisons between
treatment groups. Significant relationships for all tests were considered at α < 0.05.
Normality and homoscedasticity of all variables were assessed with Q-Q plots and
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residual plots. When large departures from normality or homoscedasticity were observed,
the variables were log transformed to meet the ANOVA assumptions.
Simple and multiple linear regression analyses were conducted between N2O
fluxes (response variable) and physicochemical parameters and gene abundances as
predictors. Model selection based on the Akaike Information Criterion (AIC) was used to
determine the best linear regression model to explain the N2O fluxes during the
mesocosm experiment as previously described (Graham et al., 2016), with slight
modifications. Using the ‘dredge’ function of the ‘MuMIn’ package (version 1.40.4) in R,
we compared and evaluated the explanatory power of all possible combinations of
predictor variables on the N2O fluxes (Barton, 2018). To avoid over-fitting, the maximum
number of predictor variables included in each tested model was n/10. The model with
the lowest AICc was selected as the best model to explain the N2O fluxes in this
experiment. Predictor variables with Spearman’s correlation coefficient > |0.7| were not
included in the regression models to avoid over-fitting. Simple linear regressions were
used for each paired covariate and the regression with the lowest AICc (delta AICc > 4)
was kept in the model selection. All statistical analyses were conducted in R (version
3.2.2. Copyright 2015 The R Foundation for Statistical Computing).

3.4. Results
3.4.1. Physicochemical parameters
The physicochemical parameters of the soil mesocosms during the 30-day experiment are
reported in Figure 1. The soil mesocosms remained saturated (> 50% water-filled pore
space (WFPS)) throughout the 30-day experiment. Nevertheless, a significant increase in
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moisture over time was observed in all cores, from an average of 56 % WFPS at day 1 to
78 % WFPS at day 30. This trend was consistent across the four treatments and no
significant differences were found between treatments (Table S1). A similar increase
over time was observed for soil pH, however, this effect was not significant and did not
occur in all treatments (e.g. tetracycline). On average, pH changed from 7.6 at day 1 to
8.0 at day 30, without significant treatment effects (Table S1).
The NH4+ concentration fluctuated throughout the experiment but there was no
significant effect of time (Table S1). There was, however, a marginally significant effect
of treatment. The lowest NH4+ concentrations in the soil were observed in cores treated
with tetracycline-only while the highest concentrations were observed in the manure and
tetracycline treatment (Figure 1). We also observed a slightly different variation over
time between treatments. In cores without manure (control and tetracycline-only), NH4+
concentration remained stable for most of the experimental period. In the manure-only
treatment, we observed a decrease in NH4+ concentrations from day 1 to day 5, while the
cores treated with manure and tetracycline had an opposing increase in NH4+ over the
same period. The initial decrease in NH4+ concentration in the manure-only treatment
was also observed for % organics as well as a slight increase over time in % organics for
cores treated with manure and tetracycline. The % organics levels in cores treated without
manure (control and tetracycline-only) remained stable throughout the 30-day
experiment. For most of the experimental period, the NH4+ concentrations and %
organics were highest in cores treated with manure and tetracycline.
Nitrate (NO3-) concentrations decreased from day 1 to day 5 across all treatments,
but there was no significant effect of time over the whole course of the experiment
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(Table S1). The treatments significantly affected soil NO3- concentrations. The NO3concentrations were highest in cores treated with tetracycline-only, when compared to the
other treatments. In this treatment, NO3- seemed to accumulate over the duration of the
experiment. In cores with manure, the NO3- levels remained unchanged from day 5 to day
30. The NO2- concentrations generally followed the same patterns of NO3concentrations, especially in the tetracycline-only treatment, with a sharp initial decrease
and a slight increase until the end of the experimental period.
3.4.2. N2O Fluxes
Nitrous oxide fluxes (N2O) decreased significantly over the duration of the experiment
(Figure 2, Table S1). These fluxes declined by more than one order of magnitude, from
an average of 1221 to 94.59 µg N2O-N/h/m2 on day 1 and day 30, respectively. Despite
the strong time effect observed, the treatments applied to the soils significantly affected
the N2O fluxes, which were higher in soils treated with manure and with manure and
tetracycline (Figure 2). This effect was especially clear in cores treated with manure and
tetracycline combined. In fact, the N2O fluxes in manure-treated cores were only
significantly different than the control when manure was spiked with tetracycline, and not
when manure was added alone (Table S2). While tetracycline alone did not have a
significant effect, the N2O fluxes in the manure with tetracycline treatment were 6, 2, 9,
and 3 times higher than control cores on days 1, 5, 9, and 15, respectively. These
differences, however, were only observed in the first two weeks of the experiment. After
day 15, the N2O fluxes were not different between treatments and remained stable at
relatively low levels across all treatments.
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Due to the high N2O fluxes observed in cores treated with manure and with
manure and tetracycline during the first two weeks of the experiment, the cumulative
fluxes in these cores were 3 times higher than cores without manure by the end of the
experiment (Figure 2). Clearly, manure had the strongest effect on the cumulative N2O
fluxes, but it is interesting to note that significantly distinct N2O fluxes were only
observed when the fertilizer was spiked with tetracycline, despite the lack of effect of the
tetracycline-only treatment in cores without manure.
3.4.3. N2O and N2 Production Rates
Potential N2O and N2 production rates measured with slurry incubations by the end of the
30-day experiment are displayed in Figure 3. The N2O production rates ranged from
0.006 to 2.502 nmol N2O-N/g/h and there were no significant effects of treatment, despite
the effects described above for the N2O fluxes. The N2 production rates ranged from
1.060 to 56.62 nmol 30N2-N/g/h and there were significant effects of treatment. The cores
treated with manure had higher N2 production rates than cores without manure. The
tetracycline-only treatment significantly inhibited N2 production rates by the end of the
experiment.
3.4.4. Abundance of total bacteria, fungi, and denitrification genes
Abundance of total bacteria, fungi, and denitrifying bacteria measured with qPCR is
shown in Figure 4. Due to the exceptionally long sampling gap between day 15 and day
30 and the absence of substantial N2O fluxes during the last two weeks of the experiment,
we only included data collected between day 1 and 15. The bacterial 16S rRNA gene
abundance in control cores ranged from 4.36 x 1011 to 1.99 x 1012 gene copies g-1 soil.
Despite the lack of significant effects of time or treatment during the course of this
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experiment (Table S3) the lowest 16S rRNA gene copy numbers were consistently
observed in the tetracycline-only treatment. The fungal ITS abundance in control cores
ranged from 5.50 x 106 to 4.49 x 107 gene copies g-1 soil without significant effects of
time or treatment.
Abundance of the nirS gene in control cores ranged from 9.71 x 106 to 5.06 x 107
gene copies g-1 soil. The nirS abundance significantly increased over the duration of this
experiment across all treatments without a significant effect of treatment (Figure 4,
Table S3). The nirK gene abundance in control cores ranged from 2.66 x 106 to 8.43 x
107 gene copies g-1 soil without a significant effect of time. In cores treated with manure
and manure with tetracycline, however, the nirK gene abundances increased over time
and were higher than cores without fertilizer by day 15, causing a marginally significant
effect of treatment (Table S3). As with the bacterial 16S rRNA gene, the lowest
abundances of nirK gene were observed in cores treated with tetracycline only.
Abundance of the nosZ-I gene in control cores ranged from 1.37 x 106 to 2.60 x
107 gene copies g-1 soil. As with the nirS gene, the abundance of nosZ-I significantly
increased over time across all treatments without significant effect of treatment (Figure
4, Table S3). On the other hand, the nosZ-II gene abundance did not vary significantly
with time, but treatment effects were observed. The nosZ-II gene abundance in control
cores ranged from 5.90 x 107 to 3.29 x 108 gene copies g-1 soil and the lowest copy
numbers were observed in the tetracycline-only treatment throughout the experimental
period.
3.4.5. Important covariates of N2O fluxes
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We performed simple and multiple linear regressions between the N2O fluxes and the
physicochemical parameters and denitrification gene abundances measured in this study
to find the best model (based on AIC) explaining N2O fluxes in the mesocosms. Among
all possible combinations of predictor variables, the best model selected included the
NH4+ concentration (with a positive slope) and the nirS gene abundance (with a negative
slope) (Table S4). However, it is important to note that this regression only explains 9 %
of the variation in N2O fluxes and the model weight is very low (3.1 %) for the group of
tested models. Indeed, all regression models tested appear to poorly represent the
variation in N2O fluxes.
Despite the lack of a good regression model of N2O fluxes with the
physiochemical parameters or gene abundances measured in this study, it is worth noting
the presence of nirS and nirK genes (two genes involved in N2O production) in the top
models with opposite trends (Table S4). While the nirK gene appears to be positively
associated with the N2O fluxes, the nirS gene appears to be negatively associated. If the
nirK/nirS ratio is tested against the N2O fluxes measured in this study, a significant linear
relationship is observed, which explains around 11 % of the variation in the N2O fluxes
(Figure 5, Table S5).

3.5. Discussion
3.5.1. Effects of manure and tetracycline on physicochemical parameters
When compared to control cores, the soils treated with only tetracycline displayed an
accumulation of NO3- and NO2-. This accumulation of NOx species after exposure to
antibiotics in soils has been previously observed both at high (Semedo et al., 2018) and
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low levels of antibiotic exposure (DeVries et al., 2015). However, this impact is not
universal and some studies reported no effect of antibiotic on NO3- concentrations as well
as increases and decreases in NO3- removal, depending on the antibiotic and time of
exposure (DeVries et al., 2015; Roose-Amsaleg et al., 2013; Tong et al., 2019). Under the
potentially anaerobic conditions of this study, with highly saturated soils, the observed
NO3- accumulation in cores treated with only tetracycline suggests inhibition of the
denitrification pathway when compared to other treatments. This inhibition is further
supported by the low rates of N2 production observed in cores treated with tetracycline
after 30 days of treatment application and in soil microcosms incubated with high doses
of tetracycline in our previous work (Semedo et al., 2018).
Surprisingly, the manure-only treatment did not change the inorganic nitrogen or
organic contents of the soil mesocosms. This observation contrasts with the abundant
literature reporting the increase in soil N and C content after organic fertilization (Chen et
al., 2019; Wei et al., 2014; Whalen et al., 2000; Yuan et al., 2017). A possible
explanation for this observation is the high C/N ratio of the manure used in this study (~
20), which is more than two times higher than the soil (~ 8). The high C/N ratio means
that the N present in the manure was not readily available to stimulate microbial activity,
for example remineralization, which would increase soil NH4+. When the manure was
contaminated with tetracycline, however, we observed higher levels of NH4+ and %
organics. Ammonium (NH4+) accumulation with tetracycline in manure-treated cores is
counter-intuitive since NH4+ accumulation is expected to be caused by remineralization,
N fixation, or direct deposition. None of these processes is expected to be stimulated by
the presence of tetracycline, so the causes of this increased NH4+ remain unclear. The %
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organics accumulation, however, is probably explained by an inhibition of any bacterial
activity using carbon as the electron donor.
3.5.2. Effects of manure and tetracycline on N2O fluxes
The tetracycline-only application to the soil cores did not affect the soil N2O fluxes. A
lack of response in N2O fluxes to the antibiotic treatment was unexpected, since previous
studies have reported increases or decreases in net N2O production in soils or sediments
incubated with antibiotics, even at low doses (Conkle and White, 2012; DeVries et al.,
2015; Hou et al., 2015; Sun et al., 2017; Yin et al., 2017). Despite the general trend in the
literature, previous studies have also reported no effect of antibiotics on N2O production,
including after tetracycline exposure (Roose-Amsaleg et al., 2013). In our study, the lack
of response to an environmental concentration of tetracycline is possibly explained by
two mechanisms: either (1) the tetracycline dose was at sub-inhibitory concentrations for
this microbial community or (2) the antibiotic inhibited both production and reduction of
N2O in a balanced mode.
The cores treated with manure had higher N2O fluxes than cores treated without
manure. The increase in soil N2O emissions after organic fertilizer application is
abundantly reported in the literature (Chen et al., 2019; Wei et al., 2014; Yuan et al.,
2017). Due to the large variation observed in our study, however, the N2O fluxes in cores
treated with manure-only were not significantly different than in control cores. Only
when tetracycline was added to the manure were the N2O fluxes significantly higher than
in the control. This result suggests a synergistic effect between manure and the antibiotic
on N2O fluxes. When tetracycline was added alone to the soils, no effect was observed,
and when manure was added with tetracycline, the manure effect was enhanced. The
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enhancement of N2O fluxes by tetracycline in manure treated soils is possibly caused by
the inhibition of N2O reduction previously reported in other studies (Hou et al., 2015;
Semedo et al., 2018; Yin et al., 2017). The concomitant accumulation of organic material
observed in the cores treated with manure and tetracycline also supports this explanation,
since decomposition of organic matter is a primary source of electrons for N2O reduction.
Despite the combined effect of manure with tetracycline on the N2O fluxes, we
can not ignore the strong effect of time also observed. A sharp decline of N2O fluxes was
observed from day 1 to day 15 across all treatments. Other studies have observed the
same rapid decrease in N2O emissions with time after fertilizer and other treatment
applications (Chen et al., 2019; Rochette et al., 2008). Some authors have associated this
rapid decrease with a priming effect following fertilizer application (Chen et al., 2019).
Other have described a shift in N metabolism, from an initial dominance of mineral N
metabolism to organic N utilization at later stages (days/weeks) after fertilizer application
(Müller et al., 2014). Despite the sharp decrease in N2O fluxes with time, we still
observed substantially larger cumulative N2O emissions in cores treated with manure and
tetracycline by the end of the experiment. This observation underscores the importance of
N2O pulses to soil N2O emissions. In fact, about 50% of cumulative annual N2O fluxes
from agricultural soils can arise from hot moments (short-duration peaks) occurring less
than 10% of the time (Molodovskaya et al., 2012; Theodorakopoulos et al., 2017).
3.5.3. Effects of manure and tetracycline on gene abundances
The soil cores treated with tetracycline-only had slightly lower abundances of most
bacterial and denitrification genes measured in this study. This effect was not surprising
since tetracycline limits bacterial growth (bacteriostatic) across a wide range of bacteria
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(Daghrir and Drogui, 2013). Previous studies have also shown a decrease in the
abundance of denitrifiers after exposure to environmental doses of bacterial antibiotics
(Hou et al., 2015; Kleineidam et al., 2010). In our study, this effect was particularly
relevant for nirK and nosZ-II genes, which suggests higher susceptibility of these two
groups, when compared to their nirS and nosZ-I counterparts. The greater susceptibility
of nirK to bacterial antibiotics has been previously observed in arable soils contaminated
with sulfadiazine, another bacteriostatic antibiotic (Kleineidam et al., 2010). Kleineidam
and co-authors proposed that the higher susceptibility of nirK might be explained by
faster colonization of ecological niches by nirS-carrying bacteria after the antibiotic is
degraded (Kleineidam et al., 2010). This explanation is supported by the fact that, in our
study, the nirS abundance in tetracycline-treated cores increased steadily throughout the
experiment and reached control levels at day 15, while the nirK abundance remained
lower. When considering the differential responses of the two nosZ genes to the
tetracycline-only treatment, the higher susceptibility of nosZ-II-carrying bacteria was also
observed in our previous study with soil microcosms incubated with a high dose of the
antibiotic (Semedo et al., 2018). The nosZ-II clade also appears to be more sensitive to
other changes in environmental factors, such as pH, calcium concentration, moisture, and
total N (Domeignoz-Horta et al., 2015; Jones et al., 2014). The different susceptibilities
of the nirS/nosZ-I and nirK/nosZ-II types to antibiotic exposure can be important to
consider when predicting whole community responses to antibiotic contamination.
Different soils may have different relative abundances of each clade, which may cause
different community responses.
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The application of manure fertilizer to the soil mesocosms also caused differential
responses in the abundance of the denitrification genes quantified in this study. The
manure-treated cores showed higher abundances of nirK and nosZ-II genes, while the
abundance of nirS and nosZ-I genes remained similar to control cores. Substantial
increases in nirK-carrying bacteria without significant changes in nirS abundance was
also previously observed in different soils fertilized with manure (Kleineidam et al.,
2010). Others have also reported a faster increase in nirK abundance after manure
application when compared to nirS-carrying bacteria (Yuan et al., 2017). In the soil cores
treated with manure spiked with tetracycline, the same increase in nirK and nosZ-II gene
abundance was observed, when compared to control cores. In fact, the nosZ-II gene
abundance was even higher in cores treated with manure and tetracycline than manureonly cores. These results suggest that the antibiotic inhibition described above for these
two genes in cores without manure is overwhelmed by the positive impact of manure
fertilization. Both nirK and nosZ-II are known to be positively correlated with organic
content in soils (Assémien et al., 2019). The relatively high % organics in cores treated
with manure and tetracycline in our study may have supported the increase in nirK and
nosZ-II gene abundance in this treatment.
3.5.4. Linear models of N2O fluxes
It was unexpected that none of the linear regression models with important covariates
tested in this study had a good fit to the N2O fluxes measured. The lack of a good model
in our study can be due to multiple reasons that are worth discussing. First, we may have
missed the quantification of other important physicochemical drivers, such as organic N
or water-soluble C. Previous studies have suggested that organic N and water-soluble C
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can be major determinants of soil N2O fluxes (Chen et al., 2019; Müller et al., 2014).
Secondly, the primer pairs used to target denitrification genes may have missed important
members of the denitrifying communities, which is a recurrent problem in PCR-based
studies as pointed out in previous works (Green et al., 2010; Nadeau et al., 2019). Despite
the fact that our experimental design attempted to promote denitrifying conditions
(saturated soils), it is possible that the co-occurrence of other N2O producing and
reducing processes confounded our results. Among these, nitrification and dissimilatory
nitrate reduction to ammonium (DNRA) are possible mechanisms. Previous studies have
shown that nitrification can be an important contributor to N2O emissions, even at high
moisture levels (Blaud et al., 2018; Liu et al., 2019; Theodorakopoulos et al., 2017). The
presence of NH4+ in the best model in this study also suggests a potential contribution of
nitrification to the N2O fluxes observed in the soil mesocosms. In fact, a positive
correlation between N2O fluxes and NH4+ was previously reported in grassland soils with
elevated moisture content (Blaud et al., 2018). Concerning DNRA, the N2O-reducing
capacity of these bacteria has been previously identified (Sanford et al., 2012) and others
have suggested that DNRA bacteria can be significant contributors to N2O production
(Stremińska et al., 2012) but their role in net N2O production in soils remains unclear.
The high C/NO3- ratio in the soil mesocosms used in this study may have favored DNRA
over denitrification (Putz et al., 2018).
Despite the weak predictive power of the regression models, it is interesting to
note that the nirS gene was present with a negative slope in most top models. This
relationship suggests that nirS-carrying denitrifiers can be important organisms for
reducing N2O in the soil system. This observation is supported by previous genomic
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research showing that a large majority (80%) of nirS-carrying denitrifiers have the N2Oreducing nosZ gene in their genomes (Graf et al., 2014). On the other hand, only a small
portion of nirK-carrying organisms (30%) have a nosZ gene and are therefore likely to
contribute more to N2O emissions than nirS-carrying bacteria (Graf et al., 2014; Maeda et
al., 2017). These findings are in agreement with the positive relationship we found
between the nirK/nirS ratio and the N2O fluxes in this study, indicating that differential
responses of these two microbial groups to environmental changes can be important for
N2O production in grassland soils.

3.6. Conclusion
The results from this study strongly suggest the existence of a synergistic interaction
between the impacts of manure fertilization and tetracycline contamination on the N2O
fluxes in grassland soils. Manure fertilization increased soil N2O fluxes and the presence
of tetracycline enhanced this effect. Due to the wide usage of antibiotics in animal
industrial farms, this effect is of great concern and should be taken into account when
planning soil fertilization strategies with animal waste. Small increases in N2O emissions
from agricultural soils may have a large impact on climate change due to its high global
warming potential and strong effects on stratospheric ozone. The results from this study
also indicate that N2O fluxes in saturated soils may be driven by co-occurring N2Oproducing pathways, such as denitrification and nitrification. Future research aiming to
investigate the microbial processes driving in-situ N2O fluxes in agricultural soils would
benefit from including these two processes in their studies.
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3.9. Figures
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Figure 1. Physicochemical parameters in soil mesocosms after treatment application. The
points represent mean ± SE of four replicate cores.
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Figure 2
N2O fluxes
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Figure 2. Nitrous oxide (N2O) fluxes and cumulative fluxes in soil mesocosms after
treatment application. The points represent mean ± SE of four replicate cores. Dissimilar
letters in the panel on the right (cumulative fluxes) represent significant differences (p <
0.05) between treatments on day 30 (1-way ANOVA).
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Figure 3
N2 production rates
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Figure 3. Potential N2O and N2 production rates of soil mesocosms on day 30 (after
treatment). Bars represent mean ± SE of four replicate cores. Dissimilar letters represent
significant differences (p < 0.05) between treatments on day 30 (1-way ANOVA).
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Figure 4
Bacterial 16S rRNA Gene Abundance
control
tetracycline
manure
manure + tetracycline

gene copies/g soil

1.2e+12

gene copies/g soil

Fungal ITS Abundance
3e+07

9.0e+11

6.0e+11

control
tetracycline
manure
manure + tetracycline

2e+07

1e+07

3.0e+11
0

5

10

15

0

5

Days after treatment application

nirS Gene Abundance

gene copies/g soil

gene copies/g soil

4e+07

3e+07

2e+07

control
tetracycline
manure
manure + tetracycline

10000000

1e+07

7500000

5000000

2500000

0

5

10

15

0

Days after treatment application

10

15

nosZ−II Gene Abundance

control
tetracycline
manure
manure + tetracycline

control
tetracycline
manure
manure + tetracycline

4e+08

gene copies/g soil

1.5e+07

5

Days after treatment application

nosZ−I Gene Abundance

gene copies/g soil

15

nirK Gene Abundance
12500000

control
tetracycline
manure
manure + tetracycline

5e+07

10

Days after treatment application

1.0e+07

3e+08

2e+08

1e+08

5.0e+06

0

5

10

15

0

Days after treatment application

5

10

15

Days after treatment application

Figure 4. Denitrification genes abundance in soil mesocosms after treatment application.
The points represent mean ± SE of four replicate cores.
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Figure 5
N2O Fluxes and nirK−to−nirS ratio
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Figure 5. Scatter plot and linear regression between the N2O fluxes and the nirK/nirS
ratio in the soil mesocosms. The shaded area represents the 95% confidence of the linear
regression predictions.
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3.10. Appendix B
Table S1. Summary statistics of the repeated measures 2-way ANOVA and post-hoc
multiple comparison for the physicochemical parameters during the mesocosm
experiment.
df

sum of
squares

F
value

p
value

Treatment

3

1125

1.294

0.2924

Control

a

Day

2

2768

6.501

0.0041

Tetracycline

a

Treatment:Day

6

994

0.571

0.7502

Manure

a

Residuals

34

9853

Manure + Tetra

a

Treatment

3

0.264

0.482

0.6965

Control

a

Day

3

1.314

2.397

0.0796

Tetracycline

a

Treatment:Day

9

0.773

0.470

0.8874

Manure

a

Residuals

48

8.772

Manure + Tetra

a

Treatment

3

2721

2.810

0.0493

Control

Day

3

756

0.780

0.5109

Tetracycline

Treatment:Day

9

3065

1.055

0.4124

Manure

Residuals

48

15498

Treatment

3

1.671

3.779

0.0166

Control

Day

3

1.286

2.907

0.0446

Tetracycline

b

Treatment:Day

9

1.384

1.043

0.4214

Manure

b

Residuals

46

6.781

Manure + Tetra

a

Treatment

3

7.355

4.195

0.0103

Control

Day

3

3.677

2.097

0.1129

Tetracycline

a

Treatment:Day

9

6.347

1.207

0.3130

Manure

b

Residuals

49

28.051

Treatment

3

0.804

1.009

0.3970

Control

a

Day

3

0.914

1.147

0.3400

Tetracycline

a

Treatment:Day

9

2.723

1.139

0.3550

Manure

a

49

12.753

Manure + Tetra

a

Model

WFPS ~ Treatment*Day
+ Error(Core:Day)

pH ~ Treatment*Day +
Error(Core:Day)

NH4 ~ Treatment*Day +
Error(Core:Day)

log(organics) ~
Treatment*Day +
Error(Core:Day)

NO3 ~ Treatment*Day +
Error(Core:Day)

log(NO2) ~
Treatment*Day +
Error(Core:Day)

Factor

Residuals

98

Tukey-HSD

Manure + Tetra

Manure + Tetra

Groups
(α < 0.05)

a,b
b
a,b
a
a,b

a,b

a,b

Table S2. Summary statistics of the repeated measures 2-way ANOVA and post-hoc
multiple comparison for the N2O fluxes during the mesocosm experiment.
df

sum of
squares

F value

Treatment

3

13.11

7.912

0.0001

Control

Day

5

46.73

16.922

4.98E-11

Tetracycline

Treatment:Day

15

24.51

2.959

0.0011

Manure

Residuals

72

39.76

Model

log(N2O.flux+100)
~ Treatment*Day +
Error(Core:Day)

Factor

99

p value

Tukey-HSD

Manure + Tetra

Groups
(α < 0.05)
a,b
a
b,c
c

Table S3. Summary statistics of the repeated measures 2-way ANOVA and post-hoc
multiple comparisons for the denitrification gene abundance during the mesocosm
experiment.

Model

16S.DNA ~
Treatment*Day +
Error(Core:Day)

ITS.DNA ~
Treatment*Day +
Error(Core:Day)

log(nirS.DNA) ~
Treatment*Day +
Error(Core:Day)

log(nirK.DNA) ~
Treatment*Day +
Error(Core:Day)

log(nosZI.DNA) ~
Treatment*Day +
Error(Core:Day)

log(nosZII.DNA) ~
Treatment*Day +
Error(Core:Day)

df

sum of
squares

F
value

p
value

Treatment

3

1.2E+24

2.416

0.0824

Control

a

Day

2

5.1E+23

1.492

0.2385

Tetracycline

a

Treatment:Day

6

2.7E+23

0.263

0.9504

Manure

a

Residuals

36

6.2E+24

Manure + Tetra

a

Treatment

3

6.8E+14

2.029

0.1270

Control

a

Day

2

2.7E+14

1.190

0.3160

Tetracycline

a

Treatment:Day

6

4.0E+14

0.593

0.7340

Manure

a

Residuals

36

4.0E+15

Manure + Tetra

a

Treatment

3

2.38

Day

2

Treatment:Day

Factor

Tukey-HSD

Groups
(α < 0.05)

0.1053

Control

a

8.62

2.196
11.92
0

0.0001

Tetracycline

a

6

0.51

0.234

0.9626

Manure

a

Residuals

36

13.01

Manure + Tetra

a

Treatment

3

4.26

2.917

0.0482

Control

a

Day

2

1.09

1.114

0.3398

Tetracycline

a

Treatment:Day

6

2.34

0.800

0.5764

Manure

a

Residuals

34

16.57

Manure + Tetra

a

Treatment

3

1.09

1.068

0.3750

Control

a

Day

2

4.81

7.102

0.0025

Tetracycline

a

0.441

0.8464

Manure

a

Manure + Tetra

a

Treatment:Day

6

0.90

Residuals

36

12.20

Treatment

3

7.50

4.398

0.0098

Control

Day

2

3.64

3.201

0.0526

Tetracycline

Treatment:Day

6

1.02

0.299

0.9331

Manure

36

20.48

Residuals

100

Manure + Tetra

a,b
b
a,b
a

Table S4. Top models selected from multimodel comparison of N2O fluxes with biotic
and abiotic predictors. All models were tested on the same 60 observations.
Parameters
included a,b
16S
ITS
nirS
nirK
nosZ-I
nosZ-II
NO3
NO2
NH4
organics
pH

AdjR2

AICc

Weight

0.093

1040.6

0.031

0.076

1041.6

0.018

N2O.flux = 4231 + 21.4 (NH4) - 2.6x10-5 (nirS) - 441 (pH)

0.095

1041.8

0.017

N2O.flux = 768.9 + 19.6 (NH4) + 5.37x10-5 (nirK) - 3.18x10-5 (nirS)

0.094

1041.8

0.017

0.053

1041.8

0.016

0.088

1042.2

0.014

0.067

1042.2

0.014

0.086

1042.3

0.013

Top Models (delta AICc < 2)
N2O.flux = 867.4 + 22.1 (NH4) - 2.7x10-5 (nirS)
-5

N2O.flux = 1140 - 3.13x10 (nirS) + 7.7x10

-10

(16S)

-5

N2O.flux = 1567 - 2.4x10 (nirS)
-5

N2O.flux = 772.4 + 17.2 (NH4) - 3.1x10 (nirS) + 4.5x10
-5

-10

(16S)

-5

N2O.flux = 1333 + 7.1x10 (nirK) - 3.02x10 (nirS)
-5

N2O.flux = 1111 + 20.7 (NH4) - 2.8x10 (nirS) - 789.2 (NO2)
a

Covariates were kept or removed from the multimodel comparison based on the AICc of each simple linear
regression. For example, nosZ-I was not included in any model because it co-varied with nirS but it was
significantly worst (delta AICc > 4)
b

Moisture (WFPS) was not included in any model due to the limited number of data points.
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Table S5. Model comparison between the linear relationships of nirS, nirK, and
nirK/nirS ratio with N2O fluxes. All models were tested on the same 60 observations.

df

Adj-R2

p-value

AICc

Weight

N2O.flux = 119.1 + 3015.1 (nirK/nirS)

4

0.114

0.0048

1038.2

0.848

N2O.flux = 1.57x103 - 2.4x10-5 (nirS)

3

0.053

0.0420

1041.9

0.135

N2O.flux = 1.04x103 + 2.1x10-5 (nirK)

3

-0.014

0.6747

1046.0

0.017

Model
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Soil Moisture (day 0)

Soil pH (day 0)
8

6

pH

WFPS (%)

40

4

20
2

0

0

Control

Tetra

Manure Man.+Tetra

Control

Tetra

Manure

Man.+Tetra

Organic Content (day 0)

NH4 concentrations (day 0)
8

6

organics (%)

NH4 − N (mg kg soil)

40

30

20

4

10

2

0

0

Control

Tetra

Manure Man.+Tetra

Control

NO3 concentrations (day 0)

Tetra

Manure

Man.+Tetra

NO2 concentrations (day 0)

NO2 − N (mg kg soil)

NO3 − N (mg kg soil)

1.00

0.75

0.50

0.25

0.00

0.2

0.1

0.0

Control

Tetra

Manure Man.+Tetra

Control

Tetra

Manure Man.+Tetra

Figure S1. Physicochemical parameters in soil mesocosms before treatment application
(day 0). The bars represent mean ± SE of four replicate cores that would be assigned to
the treatments labeled on the horizontal axis. No significant differences were detected
between the groups before treatment application (1-way ANOVA).
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N2O fluxes (day 0)

4000

ug N2O − N h m2

3000

2000

1000

0
Control

Tetra

Manure

Man.+Tetra

Figure S2. Nitrous oxide (N2O) fluxes in soil mesocosms before treatment application
(day 0). The bars represent mean ± SE of four replicate cores that would be assigned to
the treatments labeled on the horizontal axis. No significant differences were detected
between the groups before treatment application (1-way ANOVA).
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Bacterial 16S rRNA Gene Abundance (day 0)

Fungal ITS Abundance (day 0)

1.5e+07

gene copies/g soil

gene copies/g soil

7.5e+11

5.0e+11

2.5e+11

0.0e+00

1.0e+07

5.0e+06

0.0e+00

Control

Tetra

Manure Man.+Tetra

Control

nirS Gene Abundance (day 0)

Manure Man.+Tetra

nirK Gene Abundance (day 0)

9e+06

6e+06

gene copies/g soil

gene copies/g soil

Tetra

6e+06

3e+06

0e+00

4e+06

2e+06

0e+00

Control

Tetra

Manure Man.+Tetra

Control

nosZ−I Gene Abundance (day 0)

Tetra

Manure Man.+Tetra

nosZ−II Gene Abundance (day0)
1.5e+08

gene copies/g soil

gene copies/g soil

9e+06

6e+06

3e+06

0e+00

1.0e+08

5.0e+07

0.0e+00

Control

Tetra

Manure Man.+Tetra

Control

Tetra

Manure Man.+Tetra

Figure S3. Denitrification genes abundance in soil mesocosms before treatment
application (day 0). The bars represent mean ± SE of four replicate cores that would be
assigned to the treatments labeled on the horizontal axis. No significant differences were
detected between the groups before treatment application (1-way ANOVA).
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Chapter 4. From genes to ecosystem services: a case study
determining the impacts of poultry industry wastewater on tidal
creek denitrification
4.1. Abstract
The intensification of the poultry industry in the last decades has led to a sharp increase
in the number of animal processing plants discharging wastewater to waterbodies.
Despite the high levels of nitrogen and contaminants associated with the wastewater,
knowledge about its impacts on important ecosystem functions, such as denitrification, is
scarce. We conducted a seasonal survey and a microcosm experiment in an impacted and
a reference tidal creek to investigate if wastewater discharge from a poultry processing
plant had negative impacts on sedimentary microbial communities, denitrification
activity, and nitrate removal. Denitrification potential was measured using slurry
incubations and the microbial community was examined with 16S rDNA MiSeq
sequencing and quantitative PCR of denitrification genes. The lowest denitrification rates
were observed in the impacted creek, especially near the wastewater discharge, and
denitrification inhibition by impacted creek water was clearly observed in the microcosm
experiment. Denitrification rates were associated with changes in the microbial
community composition and gene abundance. Estimated nitrate removal was lower in the
impacted creek and higher chlorophyll levels were observed in a downstream coastal bay
through remote sensing. This study demonstrates denitrification inhibition by wastewater
discharge from a poultry processing plant with potential consequences to coastal
eutrophication.
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4.2. Introduction
In the last 60 years, livestock and poultry industries have evolved from small scale farms
spread throughout vast geographic areas to large scale concentrated animal feeding
operations (CAFOs) located in confined areas.1,2 Multiple factors contributed to this
change, including intensified production methods and vertical integration of the industry.1
This transformation has been paralleled by a sharp increase in annual poultry production
in the United States (US), one of the largest meat producers in the world. Currently, more
than 45 billion pounds of poultry are annually produced in the US, compared to less than
10 billion pounds in the 1970s (US Department of Agriculture,
https://quickstats.nass.usda.gov, February 2019). With the substantial increase in poultry
production over the last four decades, the number of poultry processing plants also
increased drastically (Figure 1). Poultry processing plants are the facilities that slaughter
and process these animals into final meat products for human consumption, consequently
generating wastewater during the process. Some of these processing facilities contain
their own wastewater treatment plants (WWTPs). The wastewater generated is expected
to contain high levels of nitrogen (N) and phosphorous (P), which are commonly present
in animal waste.3 The US Environmental Protection Agency (EPA) estimated that 108
out of 1,186 poultry processors (9.1 %) in the US directly discharge treated wastewater to
surface waters (e.g., lakes, rivers, oceans).4 The environmental impact of these discharges
in the receiving waterbodies is relatively unknown.
Besides the high levels of nutrients, the effluents from poultry processing plants
may carry contaminants that are associated with poultry-raising activities or with the
wastewater treatment process. Animals raised in CAFOs accumulate chemical
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contaminants during the growing process, such as antibiotics, hormones, and metals, that
can be found in animal waste and persist in the surrounding environment.3,5,6 The treated
effluents may also contain chemical contaminants that are increased during the
wastewater treatment process, such as disinfectants or chlorine.7 Direct discharge of
treated effluent from processing plants may also affect microbial community composition
and diversity of receiving waterways, as has been shown in aquatic ecosystems impacted
by municipal, urban, or industrial WWTPs.8–11 Changes in microbial community
structure resulting from wastewater discharge may impair important ecosystem functions
provided by the resident microbial communities.8,12
Among the diverse metabolic processes performed by microbial communities in
aquatic environments, denitrification is a vital ecosystem function, with the potential to
permanently remove excess nitrogen from the system through the stepwise reduction of
nitrate (NO3-) and nitrite (NO2-) to nitric oxide (NO), nitrous oxide (N2O), and dinitrogen
gas (N2). Besides the changes in microbial community structure, some of the
contaminants commonly present in wastewater effluents, such as heavy metals,
antibiotics, disinfectants, or chlorine, have the potential to inhibit denitrification
activities.12–17 However, the impacts of poultry wastewater on microbial denitrification
are relatively unknown. Here we investigate if poultry wastewater discharge inhibits
microbial denitrification. With the increasing nitrogen pollution of coastal ecosystems
and associated eutrophication, denitrification inhibition by wastewater represents an
emerging ecological threat, especially when associated with discharges of nutrient-rich
wastewater. Among various coastal ecosystems, tidal creeks can be a model system to
examine the proposed question since they are important habitats for attenuating excess
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nitrogen before reaching the coastal ocean, mostly through sedimentary denitrification.18–
20

The objective of this study was to investigate the denitrification activity and the
microbial community structure in tidal creek sediments impacted by wastewater
discharge from a poultry processing plant. We conducted a seasonal survey in tidal creeks
of the Virginia Eastern Shore, USA, a region that has been particularly affected by the
changes in poultry industry discussed above. We performed a comparative study between
two tidal creeks, an impacted and a reference creek. The impacted creek receives direct
discharges of treated wastewater from a poultry processing plant while the reference
creek has no wastewater discharge. Both creeks were sampled in four different seasons of
the year and in three locations along similar salinity gradients. We measured potential
denitrification rates through slurry incubations and characterized the microbial
community structure through qPCR of denitrification and 16S rRNA genes and nextgeneration sequencing of the 16S rRNA gene. In addition, percent removal of NO3- was
calculated to estimate in situ N removal capacity in both creeks and further investigate
the potential for coastal eutrophication. The eutrophication potential was also evaluated
by estimating the chlorophyll-a levels in the region’s coastal bays through satellite
imagery. To our knowledge, this is the first study evaluating poultry industry impacts on
gene abundance and activities of denitrifying communities, tidal creek nitrogen removal
capacity, and coastal eutrophication using genetic, microbial, and remote sensing
techniques.

4.3. Material and Methods
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4.3.1. Field Survey
The tidal creeks selected for this study are located on the Virginia Eastern Shore (VaES),
USA (Figure 2). The VaES forms the southern section of the Delmarva peninsula and
contains approximately 56 tidal creeks that drain the seaside into shallow coastal bays.21
In the VaES, land use is approximately 38% agriculture, 32% forest, 27% wetlands, and
2% developed.21 Among the agricultural activities, tomato plasticulture and poultry
operations are increasingly prevalent on the VaES.22 The Delmarva peninsula has the
highest concentration of broiler chickens per farmland area in the United States.23 Poultry
farming in the VaES is most prevalent in Accomack County, where the selected creeks
are located, with 254 broiler houses in operation as of July 1, 2014, and 245 new houses
authorized since then.24
Parker Creek, here referred to as the impacted creek, was selected for this study
because it is highly impacted by poultry production industries. This creek receives the
direct discharge of treated wastewater from a poultry processing plant that contains
slaughterhouse, meat processing facilities, and a wastewater treatment plant (WWTP). In
the last 5 years, the plant’s effluent discharge has exceeded the compliance levels for
fecal coliforms, effluent toxicity, and total P by four, one, and two times, respectively
(https://echo.epa.gov, September, 2018). This creek is also listed as impaired waters for
recreational and aquatic life use by the VA Department of Environmental Quality, due to
exceedance of the criteria for E. coli and impacts to the benthic population.25
Nickawampus Creek, here referred to as the reference creek, is located within 12 km of
the impacted creek but does not receive direct discharge from any poultry processing
plant and has historically lower fecal coliform and total N levels than the impacted creek
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(http://www3.epa.gov/storet/dw_home.html, November, 2015). Besides the presence of
the poultry processing plant, the land use surrounding both creeks is approximately the
same (Figure 2).
The flushing time of both creeks, estimated by the tidal prism method,26 is 0.39
and 0.49 days for impacted and reference creeks, respectively. For this calculation, we
used a tidal range of 1.0 m for both creeks, averaged from the mean tidal range of the two
nearest oceanographic stations from the National Oceanic and Atmospheric
Administration (NOAA). The areas of the tidal creek segments used were 18,058 and
59,103 m2 for the reference and impacted creek, respectively, and the volumes were
11,557 and 30,487 m3, calculated by using the mean depths measured at each sampled
station (Table S1). To estimate a single flushing time value for each creek, we averaged
the flushing times calculated at low return flow factor (between 0.1 and 0.5, with 0.1
increments).
4.3.2. Sediment Sampling and Percent Nitrate Removal
In the impacted creek, a sediment transect sampling was performed along a distance
gradient from the plant discharge to the creek mouth. Three stations were sampled along
the transect: Upstream (U), Midstream (M), and Downstream (M) (Figure 2). The
upstream station is the closest to the processing plant discharge (between 1-3 km) and the
downstream the furthest (around 5 km). In the reference creek, a sediment transect
sampling was also performed, with three stations targeting a similar salinity and distance
gradient as in the impacted creek. Seasonal sampling was conducted in both creeks
during November 2016, February 2017, May 2017, and September 2017. Bottom water
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characteristics of sampled tidal creeks were measured with multi-parameter YSI data
probe (Table S1).
At each station, triplicate sediment and bottom water samples were collected with
a push core device attached to core tubes (8 dia. x 30 cm length). The top 3 cm of each
sediment core were subsampled, homogenized and split into two groups: one for
denitrification activity measurements, and one, which was stored at -80 °C, for microbial
community analysis and sediment % organics determination. The bottom water in the
core device was filtered with a 0.45 µm Whatman Puradisc™ membrane filter (GE
Healthcare Life Sciences) and stored at -20 °C for dissolved inorganic nitrogen (DIN)
and dissolved organic carbon (DOC) determination. We also estimated the percent
removal of NO3- in each creek by subtracting the downstream concentrations from the
upstream concentrations and normalized by distance.
4.3.3. Environmental Parameters of Sampled Tidal Creeks
Sediment percent organics were determined by loss on ignition after combustion at 500
°C for 4h. Bottom water NO3- and NH4+ were measured in a Lachat QC8000 FIA, while
dissolved organic carbon (DOC) was measured with oxidative combustion-infrared
analysis using a TOC-Vcsn Analyzer (Shimadzu).
4.3.4. Denitrification Activity
Potential denitrification rates were measured through sediment slurry incubations with
15

NO3- tracer, following the method described by Lisa and co-authors (2014) (details in

Supporting Information Materials and Methods).27 Production of 29,30N2 gas in the
headspace was measured on an isotope ratio mass spectrometer (Thermo Delta V
Advantage, Thermo Scientific) in line with an automated gas bench interface (Thermo
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Finnigan Gas Bench II, Thermo Scientific) and 30N2 amounts were used to calculate
potential rates of denitrification (moles of added 15N-labeled NO3- transformed to 30N2).
4.3.5. Microcosm Inhibition Experiment
The sediment samples from the reference upstream station collected in September of
2017 were used for a microcosm experiment to test inhibition of denitrification activity
by exposure to impacted creek water. One gram of sediment from the triplicate sediment
cores was pre-incubated anaerobically in 12 ml exetainer tubes for 24 hours with four
treatments added in 1 mL volume: 1) Mili-Q water; 2) Reference site water; 3) 50/50
Reference/Impacted site water; 4) Impacted site water. The different site water treatments
were filtered with a 0.45 µm Whatman Puradisc™ membrane filter (GE Healthcare Life
Sciences). After pre-incubation, the sediment samples were incubated as described above
for denitrification activity measurements. Production of 29,30N2 gas in the headspace was
measured as described above and 30N2 amounts were used to calculate potential rates of
denitrification (moles of added 15N-labeled NO3- transformed to 30N2).
4.3.6. Molecular Analysis: Bacterial and Denitrification Genes Abundance
Genomic DNA was extracted from 0.5-0.75 g of sediment using the PowerLyzer
PowerSoil DNA Isolation kit (MoBio). The DNA quality was assessed using a NanoDrop
spectrometer (Thermo Scientific) and quantified with a QubitTM fluorometer (Invitrogen)
and the dsDNA high-sensitivity kit. All samples were cleaned with the ChIP DNA Clean
& Concentrator Kit (Zymo Research). The abundance of bacteria was quantified by
quantitative polymerase chain reaction (qPCR) of the 16S rRNA gene. The abundance of
denitrifiers in the sediments was quantified by qPCR of cytochrome cd1 nitrite reductase
(nirS), and clade I and clade II nitrous oxide reductase genes (nosZ-I and nosZ-II,
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respectively) using the QuantStudio 6 Flex (Thermo Scientific). Standards were prepared
through a serial dilution of M13 PCR products from plasmids carrying the target gene or
fusion PCR products from environmental DNA and quantified using an Agilent 220
TapeStation System (Agilent Technologies).
The primers used for 16S rRNA gene amplification were EU341F and 685R and
generated 344 bp amplicons.28 The primers nirScd3aF and nirSR3cd were used to
generate 400 bp amplicons of bacterial nirS genes.29,30 The primers used for nosZ-I genes
were nosZ1F and nosZ1R and generated 300 bp amplicons.31 The nosZ-II genes were
amplified using nosZIIF and nosZIIR primers that generated 690-720 bp amplicons.32
The qPCR reaction components and thermal cycling conditions for the four genes are
described in detail in Supporting Information Material and Methods.
4.3.7. Molecular Analysis: Bacterial Community Composition
High throughput sequencing of the prokaryotic 16S rRNA gene was used to examine the
composition and diversity of the bacterial community in the sediment samples from
reference and impacted tidal creeks. The sequencing was performed on the Illumina
MiSeq platform (2 x 250 bp) after two PCR stages. We followed the Illumina
metagenome sequencing method with slight modifications, such as the use of the forward
515F and the reverse 806R primers to amplify the variable V4 region of the 16S rRNA
gene.33 Stage 1 PCR conditions and purification of PCR products are described in
Supporting Information Material and Methods.
4.3.8. Bioinformatic Analysis of 16S rRNA sequences
Bioinformatic analysis of the 16S sequences was performed using the Dada2 package in
R.34 Primer sequences were trimmed and raw reads (n = 9,580,326 sequences) were
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filtered to maintain an average quality score higher than 30 for all positions. Filtered
forward and reverse sequences (n = 8,313,242 sequences) were denoised with the divisive
amplicon denoising algorithm and amplicon sequence variants (ASVs) were found for
each sample.35,36 Denoised forward and reverse reads were merged (n = 5,398,779
sequences) and chimeras were removed using the isBimeraDenovo function in the Dada2
R package.34 Non-chimeric sequences (n = 3,625,233 sequences) were classified using
the SILVA v128 taxonomy database.37 Mitochondrial and chloroplast sequences were
removed from the dataset.
Bacterial sequences (n = 2,157,611 sequences) were extracted and ASVs not seen
more than 10 times in at least 5% of the samples were removed to protect against
transitory ASVs with residual relative abundance and a large coefficient of variation
(final n = 878,869 sequences). Chao and Ace indexes were calculated to estimate species
richness, and the Shannon index was calculated to estimate α-diversity. β-diversity
among samples was estimated using the Bray-Curtis dissimilarity calculator. To
normalize the diversity estimates, samples were randomly subsampled to the lowest
number of sequences (n = 3,517 sequences per sample, total = 214,537 sequences). These
estimates were calculated using the phyloseq package in R.38
4.3.9. Remote Sensing of Chlorophyll-a Levels in Downstream Coastal Bays
Surface chlorophyll-a levels in Eastern Shore coastal bays located downstream of the
studied tidal creeks were estimated using satellite images with a 30 m spatial resolution
obtained by the Landsat 8 Operational Land Imager (OLI) and downloaded from the
USGS EarthExplorer User Interface (https://earthexplorer.usgs.gov, May 2019). This
interface contains approximately two satellite images per month and we collected the
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most cloud-free image per month within the sampling period, which resulted in eight
images (October, November, and December 2016, February, May, June, July, and August
2017). Surface reflectance data were converted into chl-a concentration (µg/L) using the
standard NASA algorithm for chl-a, based on the OCI and OC3 algorithms.39 Low
quality pixels, such as areas with glint, clouds, or too shallow water depth, were removed
from the analysis. Chlorophyll-a averages on each image were calculated for three coastal
bays downstream of the study tidal creeks: Burtons Bay and Bradford Bay (downstream
of the reference creek) and Metompkin Bay (downstream of the impacted creek).
4.3.10. Statistical Analysis
Differences in denitrification rates, inorganic nitrogen, dissolved organic carbon,
sedimentary organic matter, gene abundances, and α-diversity estimators between
impacted and reference creeks at each season were analyzed using two-way ANOVAs.
The factors included in the ANOVAs were creek (categorical; reference or impacted) and
location (categorical; upstream, midstream, downstream). Tukey’s-HSD test was used to
perform multiple comparisons between groups. Normality and homoscedasticity were
assessed with Q-Q plots and residual plots. No large departures from normality or
homoscedasticity were observed. Differences in surface chl-a concentrations between
selected coastal bays were analyzed using a one-way ANOVA with bay as a categorical
factor and Tukey’s-HSD test to perform multiple comparisons. Significant relationships
for all tests were considered at α < 0.05. A principal coordinate analysis (PCoA) was also
performed to evaluate the β-diversity of bacterial communities using the phyloseq
package in R.38 Significant effects of creek and location in community dissimilarity were
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tested by multivariate permutational ANOVA (PERMANOVA) using the adonis function
of the vegan package in R.40
Simple and multiple linear regression analyses were conducted with
denitrification rates, environmental parameters, gene abundances, and community
structure predictors. Model selection based on the Akaike Information Criterion (AIC)
was used to determine the best linear regression model to explain denitrification rates in
this study, as described by Graham and co-authors (2016),41 with slight modifications
(details in Supporting Information Material and Methods). All statistical analyses
were conducted in R (version 3.2.2. Copyright 2015 The R Foundation for Statistical
Computing).

4.3. Results
4.4.1. Environmental Parameters of Sampled Tidal Creeks
Differences in bottom water DIN, DOC, and sedimentary organic matter between
reference and impacted creeks are shown in Table 1. Bottom water NO3- levels in the
impacted creek were significantly higher than the reference creek across all stations in
most seasons (two-way ANOVA, p < 0.05), reaching mM levels at the upstream and
midstream stations, closer to the processing plant discharge (Figure 2). On average, NO3levels in the impacted creek were 34, 47, and 23 times higher than the reference creek at
the upstream, midstream, and downstream stations, respectively. NO3- concentrations in
the impacted creek declined with increasing distance from the plant discharge.
Nevertheless, the percent removal of bottom water NO3- in the impacted creek was on
average 33% per km, while 70% removal per km was calculated in the reference creek. It
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is important to note that the flushing times of both creeks are approximately the same
(0.39 and 0.49 days) which allowed us to perform this comparison of NO3- removal.
Bottom water NH4+ levels were generally higher in the reference creek, but
significant differences between creeks were only occasionally observed. Dissolved
organic carbon (DOC) in the bottom water was similar between creeks and no trends
were observed along the transects. When considering sediment % organics, the lowest
levels were observed at the upstream station in the impacted creek, while at the
midstream and downstream stations the levels fluctuated throughout the year and were
generally similar between creeks.
4.4.2. Denitrification Activities
Potential denitrification rates in the reference creek sediments ranged from 4.50 to 146.4
nmol N2-N g-1 h-1 throughout the year, with the highest rates observed in the spring (May)
(Figure 3). In the impacted creek, potential denitrification rates ranged from 0.057 to
207.4 nmol N2-N g-1 h-1, also with the highest rates observed in the spring (May) across
the three stations. The only significant differences (two-way ANOVA, p < 0.05) between
the two creeks were observed at the upstream or midstream stations in September, with
lower rates observed in the impacted creek. Throughout the year, the lowest activities
were observed in the upstream or midstream stations in the impacted creek (except in
May), which are the closest to the processing plant discharge. Fourteen of the fifteen
lowest denitrification rates measured (23% of the total samples) were from these stations
in the impacted creek, and only one was from the reference creek.
When sediments from the reference creek were incubated with impacted creek
water, denitrification rates significantly decreased (one-way ANOVA, p < 0.05) from
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48.3 nmol 30N2-N g-1 h-1 to 3.6 nmol 30N2-N g-1 h-1 (Figure 4). This 93% decline in the
denitrification rate was approximately proportional to the amount of impacted creek
water applied to the sediments. When 1:1 mixture of reference with impacted creek water
was used, a 39% inhibition of denitrification rates was observed when compared to
sediments incubated with reference creek water.
4.4.3. Bacterial and Denitrification Genes Abundance
The abundance of bacterial 16S rRNA and denitrification genes in the studied sediments
is shown in Figure 5. Bacterial abundance in the reference creek ranged from 1.8 x 108 to
7.2 x 109 gene copies g-1 wet sediment, without any consistent seasonal or spatial trend.
In the impacted creek, bacterial abundance ranged from 2.7 x 108 to 3.5 x 109 gene copies
g-1 wet sediment and followed a spatial trend of increasing abundances towards the
downstream stations, further from the processing plant discharge.
The nirS gene abundance in the reference creek ranged from 2.23 x 106 to 1.0 x
108 gene copies g-1 wet sediment, without any seasonal or spatial trend. In the impacted
creek, nirS gene abundance ranged from 7.6 x 106 to 1.9 x 108 gene copies g-1 wet
sediment, with no seasonal trend. The lowest nirS gene abundances in the impacted creek
were observed closer to the processing plant discharge, at the upstream station,
throughout the year. However, the only significant differences between the two creeks
(two-way ANOVA, p < 0.05) were higher abundances in the impacted creek in the
midstream or downstream stations.
The nosZ-I gene abundance in the reference creek ranged from 3.8 x 106 to 1.6 x
108 gene copies g-1 wet sediment, without any consistent seasonal or spatial trend. In the
impacted creek, nosZ-I gene abundance ranged from 1.0 x 107 to 1.4 x 108 gene copies g-1
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wet sediment, with no seasonal pattern. On average, and among both creeks, the lowest
nosZ-I gene abundances were consistently observed at the upstream station from the
impacted creek, closest to the processing plant discharge. However, the only significant
differences between the two creeks were found at the midstream station in May and the
downstream station in September, with higher abundances in the impacted creek (twoway ANOVA, p < 0.05).
The nosZ-II gene abundance in the reference creek ranged from 3.3 x 106 to 3.3 x
108 gene copies g-1 wet sediment, without any consistent seasonal or spatial trend. In the
impacted creek, nosZ-II gene abundance ranged from 1.1 x 107 to 3.5 x 108 gene copies g1

wet sediment, with no seasonal pattern. The lowest nosZ-II gene abundances in the

impacted creek were observed closest to the processing plant discharge in the upstream
station throughout the year. However, the only significant differences between the two
creeks were found at the midstream and downstream stations where the impacted creek
had higher abundances (two-way ANOVA, p < 0.05).
Overall, the denitrification genes abundance in the impacted creek followed a
general trend: lowest abundances at the upstream station, closer to the processing plant
discharge, and higher abundances at the downstream station, further from the processing
plant. The reference creek did not display the same trend. This trend in the impacted
creek follows the total bacteria abundance profile and it was not observed when
abundances were normalized by the 16S rRNA gene copies (Figure S1).
4.4.4. Bacterial Community Structure and Composition
The bacterial community β-diversity of the sampled tidal creeks is represented by a
principle coordinate analysis based on the calculated dissimilarities among samples
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(Figure 6). The dissimilarity among samples was based on the distribution of 2,820
amplicon sequence variants (ASVs) seen more than 10 times in at least 5% of the
samples. The first two principal coordinates represented 28.1% of the variation in the
bacterial communities. The bacterial communities were significantly different between
creeks and locations (PERMANOVA, p < 0.05). In the reference creek, there is a clear
spatial variation between downstream, midstream, and upstream stations. This spatial
trend is possibly explained by a shift between dominant Gammaproteobacteria at the
downstream endpoint and dominant Betaproteobacteria at the upstream endpoint (Figure
S2). Impacted creek samples from downstream and midstream stations are generally
similar to the corresponding stations in the reference creek (Figure 6, S1). However, the
upstream station in the impacted creek clearly clusters apart from the reference upstream
station and all other samples, indicating a very distinct bacterial community structure
near the wastewater discharge of the processing plant (Figure 6).
The fifteen bacterial classes with the highest abundances driving the dissimilarity
between samples are shown in Figure 7, representing a total of 2,718 ASVs. Among
these classes, Bacteroidia (Bacteroidetes), Deltaproteobacteria (Proteobacteria),
Epsilonproteobacteria (Proteobacteria), and Flavobacteriia (Bacteroidetes) were virtually
absent in the impacted creek upstream cluster. On the other hand, Blastocatellia
(Acidobacteria), Nitrospira (Nitrospirae), and Spartobacteria (Verrucomicrobia) were
almost exclusively present in the impacted creek upstream cluster. All classes that were
absent from the impacted creek upstream cluster are known to carry one or two
denitrification genes, while the classes exclusively present in the same cluster carry none
or only one denitrification gene (Figure 7).
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As opposed to the differences observed in bacterial community composition,
virtually no differences were found in species richness or α-diversity between the two
creeks (Figure S3). Instead, a general increase in species richness and diversity was
observed from the upstream to the downstream stations in both creeks (Figure S3).
4.4.5. Multimodel Inference of Denitrification Activity
To test which of the measured variables (or combination of variables) were most
associated with denitrification rates in this study, we performed a multimodel comparison
between linear regressions including all possible combinations of predictor variables, in
simple and/or multiple regressions. These predictors were divided into four different sets:
environmental parameters, gene abundances, community structure, and all variables
combined (Table S2). Denitrification activity in the studied tidal creeks was best
explained when a combined predictors set was used in a multiple regression model,
including environmental parameters, gene abundances, and community structure indexes
(Table S2). The combined predictors set generated 85 models of all possible
combinations of simple and multiple linear regressions. The averaged model selected,
consisting of the best two models, included the nosZ-I gene abundance, the first three
PCoA axes representing β-diversity, bottom water NO3- concentrations, and Shannon αdiversity, explained 60% of the variability in the observed denitrification rates (Table
S2).
4.4.6. Chlorophyll-a Levels in Downstream Coastal Bays
Surface water chlorophyll-a (chl-a) levels in coastal bays downstream of the studied tidal
creeks are displayed in Figure 8. During the sampling period of this study, the mean chla concentration in the bays downstream of the reference creek ranged from 1.8 to 5.2
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µg/L (Burtons Bay and Bradford Bay), while the mean concentrations downstream of the
impacted creek ranged from 5.8 to 16.1 µg/L (Metompkin Bay). The chl-a concentration
downstream of the impacted creek was always higher than the mean concentrations
downstream of the reference creek.

4.5. Discussion
Despite the fact that we targeted similar salinity levels between equivalent stations in
each creek, these were often different between the creeks, especially at the midstream
stations (Table S1). However, salinity was not significantly correlated with denitrification
rates or denitrification gene abundances in this study (data not shown), so these variations
are unlikely to affect the interpretation of our results.
The NO3- levels observed in the impacted creek were more than 20 times higher
than the levels observed in the reference creek, reaching mM concentrations at the
upstream and midstream stations near the discharge of the processing plant. These levels
are substantially higher than previously reported in other streams on the Delmarva
Peninsula and across the US.42–44 The NO3- amounts at the downstream station in the
impacted creek were still significantly higher than the corresponding station in the
reference creek and considerably higher than previously reported near the mouth of other
tidal creeks in the region.45 In waterways surrounding animal processing facilities or
wastewater treatment plants (WWTPs), NO3- levels are expected to be higher than most
water bodies due to inefficient removal of N-rich wastewater. Our results support the
abundant evidence of elevated NO3- levels in the vicinity of large-scale animal operations
or WWTPs.3,8,9,46–49
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Denitrification is crucial for NO3- removal in coastal ecosystems. In this study, the
lowest denitrification rates were observed in the impacted creek, at the upstream or
midstream stations, despite the high background NO3- levels. In fact, the low
denitrification rates observed may have contributed to the high NO3- levels at the
upstream and midstream locations since denitrification is a dominant NO3- removal
pathway in tidal creeks.18,19 These stations are the closest to the processing plant outfall,
which suggests inhibition of denitrification due to exposure to the impacted water. This
potential inhibition was confirmed when a 24-hour exposure of reference creek sediments
to impacted creek water in the microcosm experiment resulted in a 93% decline in the
rate of denitrification. Since the sediments used in this microcosm experiment were all
from the same site in the reference creek, with the same background denitrifiers
abundance and physicochemical characteristics, these results suggest that denitrification
activity can be inhibited at the transcription, translation, or activity level on a short-term
scale. If the denitrification rates measured in this survey are normalized by bottom water
NO3- concentration (Figure S4), a largely overwhelmed denitrification potential is visible
in the impacted creek. The relatively low % NO3- removal estimated in the impacted
creek (33 % per km comparing to 70 % per km in the reference creek) also suggests a
strong inhibition of NO3- removal in the impacted creek, resulting in higher N discharge
to Metompkin Bay, the downstream coastal bay. This percent removal estimate may be
partially caused by dilution (volume increase), since depth and width in both creeks
increase between the upstream and downstream stations. However, this volume increase
is larger in the impacted creek (v downstream / v upstream = 18.1) than in the reference creek (v
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downstream /

v upstream = 10.1), so a dilution effect would favor an overestimate of NO3-

removal in the impacted creek, in comparison to the reference creek.
Inefficient denitrification or nitrogen removal in waterbodies near animal
processing plants and WWTPs have been previously observed48,50,51 and can be
associated with overwhelming nutrient input or inhibition of microbial activity by
chemicals, such as antibiotics, disinfectants, or metals released from these operations.
The observed inhibition of potential denitrification rates and low NO3- removal, in
conjunction with the high NO3- discharge from the plant effluent, presents an increased
risk for eutrophication in nearby water bodies. This increased risk is supported by the chla levels estimated through satellite imagery in this study. While mean chl-a
concentrations in the coastal bays downstream of the reference creek (Burtons Bay and
Bradford Bay) were virtually always below 5 µg/L, the mean concentrations in the
coastal bay downstream of the impacted creek (Metompkin Bay) were always higher than
5 µg/L. It is important to keep in mind that the 5 µg/L concentration of chl-a is the cutoff
between “low” and “medium” concentration for expression of eutrophic symptoms
according to the criteria defined by the National Estuarine Eutrophication Assessment.52
Additionally, previous studies using in-situ measurements in other coastal bays of the
Delmarva Peninsula show that chl-a levels > 5 µg/L are mostly a spring and summer
phenomenon45,53,54; however, the Metompkin Bay had continuously high chlorophyll
levels despite the season.
Despite the high fluctuations observed in the abundance of denitrification genes,
the lowest copy numbers of nirS, nosZ-I, and nosZ-II were observed at the upstream
station in the impacted creek. This was especially true for the nosZ-I gene, which always
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had the lowest average abundances at the upstream station in the impacted creek near the
discharge of the processing plant. In contrast, other studies have shown no change or
even an increase in denitrification genes abundance near wastewater effluents.8,46,55 To
our knowledge, only one other study has shown lower denitrification gene abundances
near wastewater effluents.12 The low denitrification gene abundances observed in our
study near the discharge could have been a side-effect of the wastewater processing in the
plant, such as chlorination7,12 or the presence of disinfectants or antibiotics.5 This would
have affected the total bacteria abundance, which is supported by the low 16S rRNA gene
abundances observed near the discharge of the processing plant. The low abundance of
denitrification genes and total bacteria certainly contributed to the low denitrification
rates observed in that station, since the genetic potential is a major determinant of
denitrification activity.56–58 In fact, the nosZ-I gene abundance was present in the model
which best predicted denitrification rates in this study, indicating a tight link between
denitrification activity and the genetic potential of sedimentary microbial communities.
The strength of this relationship is supported by the fact that the lowest denitrification
activities were observed at the upstream station in the impacted creek, where the nosZ-I
gene abundances were always the lowest. In association with the extremely high NO3levels and the low denitrification rates observed, these gene abundance numbers indicate
that this site is exceptionally and negatively affected by the processing plant effluent in
the context of nitrogen removal.
A very distinct microbial community structure was observed at the upstream
station in the impacted creek, which is not always observed near the effluent discharge of
a WWTP.59 The impacted upstream cluster was associated with the higher presence of
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ASVs belonging to three classes: Blastocatellia, Nitrospira, and Spartobacteria. An
increase in the relative abundance of Nitrospira or Nitrospirae is commonly observed
near WWTPs9,10,60 despite some studies that show decreased Nitrospirae near WWTP
effluents.11 Nitrospira are known nitrite oxidizers involved in nitrification and their
increased abundance near WWTP effluent can be explained by direct transport from the
wastewater discharge since they are the dominant nitrite oxidizers within most
WWTPs.9,61 When considering Blastocatellia (Acidobacteria) and Spartobacteria
(Verrucomicrobia) organisms, no studies have identified microorganisms belonging to
these classes as especially abundant near WWTP or poultry facilities. Microbial
communities associated with WWTPs tend to be very site or plant-specific.8,47 The
varying results in the literature are probably explained by differences in wastewater
characteristics or in the technologies associated with the different WWTPs.
In parallel with the increase observed in Blastocatellia, Nitrospira, and
Spartobacteria closer to the effluent discharge, we observed the decrease or absence of
ASVs belonging to Deltaproteobacteria (Proteobacteria), Epsilonproteobacteria
(Proteobacteria), and Flavobacteriia (Bacteroidetes). Previous studies have also shown
decreases in Deltaproteobacteria.9 Flavobacteriia, however, have been associated with
WWTP effluents.11 When considering the importance of these classes to the
denitrification potential in the tidal creek sediments, it is important to note that all classes
that were absent from the impacted creek upstream cluster are known to carry one or two
denitrification genes.62,63 These unique microbial community changes observed at the
upstream station in the impacted creek may thus contribute to the lower denitrification
potential near the discharge of the processing plant. The importance of the changes in the
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microbial community to the denitrification potential was confirmed by the multimodel
comparison performed in this study, where β-diversity was present in the best model of
activity rates.
Overall, the results from this study indicate that denitrification activity in tidal
creek sediments is negatively impacted by the proximity to treated wastewater discharge
from a poultry processing plant, mostly due to changes in the microbial community
structure and the decreased abundance of the nosZ-I gene. This impact affects the
nitrogen removal capacity of tidal creeks, an important ecosystem service in coastal
environments. Adding the inhibited nitrogen removal to the high nutrient discharge
associated with these facilities represents a two-fold impact to the environment and
increases the risk of eutrophication in adjacent coastal systems. In the context of
increasing poultry production and nutrient pollution, this represents an emergent risk to
ecosystem health. Future research and environmental management aiming to mitigate
nutrient pollution and eutrophication would benefit from taking these impacts into
account.
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4.9. Tables
Table 1. Bottom water inorganic nitrogen, dissolved organic carbon, and sedimentary
organic matter of sampled tidal creeks. Mean (SE) values of triplicate cores collected
during high-tide.

NO3- (µM)

NH4+ (µM)

DOC (µM)

Sediment % organics

Nov Feb May Sep

Nov Feb May Sep

Nov Feb May Sep

Station Creek

Ref
U

Nov Feb May

Sep

49.5
(0.1)

131
(8)

nd

nd

nd

nd

33.1 12.4
(1.9) (5.2)

nd

nd

421 762
(35) (141)

nd

nd

5.3 3.9
(1.8) (1.0)

Imp

1945 1901 2741* 1760*
(128) (8) (14) (4)

1.0 9.5 1.4* 3.9
(0.1) (0.1) (0.1) (0.1)

427 405 481 418*
(17) (7) (16) (8)

0.5 0.7 0.4* 0.6
(0.2) (0.3) (0.1) (0.3)

Ref

9.2 25.2 31.8 27.8
(1.4) (2.4) (1.7) (1.0)

4.9 3.0 14.1 30.9
(0.9) (0.9) (0.9) (2.4)

304 305 409 598
(23) (12) (3) (7)

4.3 0.8 1.9 5.7
(1.7) (0.4) (0.4) (1.6)

Imp

656* 454* 1895* 1084*
(73) (85) (21) (58)

4.3 0.9 1.3* 9.2*
(0.3) (0.1) (0.9) (0.2)

430* 275 578* 553
(27) (34) (11) (6)

4.2 1.8 5.9* 2.2
(0.3) (0.4) (0.8) (0.6)

Ref

6.5 13.3 7.8
9.3
(0.5) (2.1) (0.3) (0.5)

3.9 2.4 12.8 23.6
(0.2) (0.4) (1.2) (1.3)

303 333 366 413
(18) (12) (8) (3)

5.7 16.4 9.6 1.8
(1.7) (6.7) (0.3) (0.5)

Imp

140 160 251* 230*
(4) (10) (8)
(1)

7.4* 1.5 11.1 23.2
(0.4) (0.3) (1.0) (0.3)

276 226* 408 620
(6) (9) (9) (23)

7.3 10.3 6.8 9.4*
(0.1) (0.8) (0.6) (1.1)

M

D

* Significant difference between impacted and reference creek at each station (2-way ANOVA, adj. p < 0.05).
nd: not determined. U – Upstream, M – Midstream, D – Downstream. Ref – Reference, Imp – Impacted.
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Figure 1

4.10. Figures
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Figure 1. Poultry production in the United States. The left graph represents the number
of slaughtered chickens, turkeys, and ducks measured in pounds (lb.), 1960 to 2017. Data
were collected from the Survey program of the United States Department of Agriculture
(USDA) (https://quickstats.nass.usda.gov, February 2019). The graph on the right
represents the number of poultry slaughtering and processing plants with permits to
discharge wastewater into rivers in the United States, by State, 1970 to 2006. Data were
collected from the Permit Compliance System (PCS) of the United States Environmental
Protection Agency (EPA) (https://www.epa.gov/enviro/pcs-icis-search, February 2019).
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Figure 2
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Figure 2. Map of the VA Eastern Shore, Chesapeake Bay, USA. The study creeks and
corresponding sampling stations (U - Upstream, M - Midstream, D - Downstream) are
shown in detail on the right. Aerial photos were collected from the Virginia Base
Mapping program (VBMP), Virginia Geographic Information Network (VGIN), 2017.
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Figure 3
Denitrification Rates
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Figure 3. Potential denitrification rates of reference (blue) and impacted (red) creek
sediments. Bars represent mean ± SE of triplicate cores. Significant difference between
creeks at each location is marked with * (2-way ANOVA, p<0.05). nd: not determined.
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Figure 4
Denitrification Rates
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Figure 4. Potential denitrification rates from microcosm incubations of reference creek
sediments with three treatments of tidal creek water and a Mili-Q water control. Bars
represent mean ± SE of triplicate incubations. Dissimilar letters represent significant
differences (p < 0.05) between treatments (1-way ANOVA).
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Figure 5
Dentrification Genes and Total Bacteria
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Figure 5. Abundance of denitrification and 16S rRNA genes in reference (blue) and
impacted (red) creek sediments. Bars represent mean ± SE of triplicate cores. Significant
difference between creeks at each location is marked with * (2-way ANOVA, p<0.05).
nd: not determined.
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Figure 6
PCoA − Bacterial 16S
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Figure 6. Principal Coordinate Analysis (PCoA) plot representing the β-diversity of the
bacterial community from reference (blue) and impacted (red) sediments. Upstream
(circles), Midstream (squares), and Downstream (triangles) samples from all months are
shown. The red square in the top right corner delineates the cluster observed in the
upstream samples from the impacted creek. Sample dissimilarity and distance analysis
was calculated using the Bray-Curtis dissimilarity index. Significant effects (p<0.05) of
the treatment in ASV dissimilarity were tested by multivariate permutational ANOVA
(PERMANOVA) and the p-values are shown in the plot.
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Figure 7
PCoA − Bacterial 16S with Top Classes
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Figure 7. Principal Coordinate Analysis (PCoA) plot representing the β-diversity of the
bacterial community from the reference and impacted creek sediment samples and the top
15 classes of ASVs driving the dissimilarity. The top left plot is the showing the sample
dissimilarity shown in Figure 6. The red square in each plot delineates the cluster
observed in the upstream samples from the impacted creek. For each class, it is shown
which denitrification genes were previously identified (Wei Wei et al. 2015, Hallin et al.
2017). Dissimilarity and distance analysis was calculated using the Bray-Curtis
dissimilarity index.
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Figure 8
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Figure 8. Surface chlorophyll-a levels in Eastern Shore coastal bays. Burtons Bay and
Bradford Bay are located downstream of the reference creek, while Metompkin Bay is
located downstream of the impacted creek. The satellite image shown was obtained from
the Landsat 8 Operational Land Imager (OLI) and it was taken on May 27, 2017. The
white areas in the image represent low quality pixels, such as areas with glint, clouds, or
too shallow water, that were removed from the analysis. The insert plot on the top left
represents the mean chl-a levels (by pixel) of the three coastal bays, estimated from 8
similar satellite images taken on a single day at 8 different months from November 2016
to August 2017. Each point represents the mean level for each of the 8 satellite images.
The boxes represent the first and third quartiles, with median value bisecting each box.
The whiskers extend to the largest/smallest value, excluding outliers (data beyond 1.5 x
inter-quartile range). Dissimilar letters denote significant difference (one-way ANOVA, p
< 0.05) between the coastal bays.
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4.11. Appendix C
MATERIALS AND METHODS
Denitrification Activity
One gram of homogenized sediment was pre-incubated anaerobically, after flushing with
He gas, in 12-ml exetainer tubes overnight to remove residual NOx-. After pre-incubation,
the sediment samples were again purged with helium (to remove background atmospheric
gases), amended with 200 nmoles of potassium nitrate (K15NO3: 99%) to start
denitrification activity, and incubated in the dark at site-water temperature for one hour.
The activities were stopped at each time-point (0 and 1 hours after 15NO3- spike) by the
addition of 0.5 mL saturated ZnCl2 solution. Production of 29,30N2 gas in the headspace
was measured on an isotope ratio mass spectrometer (Thermo Delta V Advantage,
Thermo Scientific) in line with an automated gas bench interface (Thermo Finnigan Gas
Bench II, Thermo Scientific) and 30N2 amounts were used to calculate potential rates of
denitrification (moles of added 15N-labeled NO3- transformed to 30N2). The residual
concentration of NO3- after pre-incubation was used to correct the mole fraction 15N
enrichment of the added 15NO3- in the rate calculations for denitrification.1
Bacterial and Denitrification Genes Abundance
The 20 µL qPCR reactions and thermal cycling conditions for 16S rRNA gene
amplification were previously described.2 The 20 µL qPCR reactions for nirS
quantification consisted of 10 µL of SYBR green Go-Taq qPCR Master Mix (Promega),
0.05 µL of CRX dye, 1 µL of each primer (10µM), 0.2 µL of bovine serum albumin
(BSA), 2 ng of template DNA, and were adjusted to final volume with nuclease-free
H2O. The qPCR conditions were the following: 10 min at 95 °C, followed by 45 cycles of
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15 s at 95 °C, 1 min at 57 °C, 1 min at 72 °C, and 35 s at 80 °C for fluorescence
detection. The 20 µL qPCR reactions for nosZ-I quantification consisted of 10 µL of
SYBR green Go-Taq qPCR Master Mix (Promega), 0.05 µL of CRX dye, 1 µL of each
primer (10µM), 0.2 µL of BSA, 2 ng of template DNA, and were adjusted to final volume
with nuclease-free H2O. The qPCR conditions were the following: 10 min at 95 °C,
followed by 50 cycles of 15 s at 95 °C, 45 s at 55 °C, 30 s at 72 °C, and 35 s at 80 °C for
fluorescence detection. The 20 µL qPCR reactions for nosZ-II quantification consisted of
10 µL of SYBR green Go-Taq qPCR Master Mix (Promega), 0.05 µL of CRX dye, 4 µL
of each primer (10µM), 0.2 µL of BSA, 0.4 µL of MgCl2 (50 mM), 2 ng of template
DNA, and were adjusted to final volume with nuclease-free H2O. The qPCR conditions
were the following: 15 min at 95 °C, followed by 50 cycles of 15 s at 95 °C, 30 s at 54
°C, 60 s at 72 °C, and 30 s at 80 °C for fluorescence detection. Amplification efficiencies
were 68%, 76%, 51%, and 57%, for 16S rRNA, nirS, nosZ-I, and nosZ-II genes,
respectively. The R2 value of the standard curves was 0.99 for the four genes. All
reactions were performed in 96 well plates with two negative controls, which contained
no template DNA, to exclude any potential contamination. Reaction specificity was
confirmed using gel electrophoresis in comparison with standards and monitored by
analysis of dissociation curves during quantitative amplification.
Molecular Analysis: Bacterial Community Composition
In Stage 1 PCR for the MiSeq sequencing, the variable V4 region of the 16S rRNA gene
was amplified using the forward primer 515F and the reverse primer 806R, generating
300 bp amplicons.3 The 25 µL qPCR reactions for 16S rRNA gene amplification
consisted of 12.5 µL of SYBR green Go-Taq Mix (Promega), 1 µL of each primer
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(10µM), 2 ng of template DNA, and were adjusted to final volume with nuclease-free
H2O. The PCR conditions for 16S amplification were as follows: 3 min at 95 °C,
followed by 25 cycles of 30 s at 95 °C, 1 min at 55 °C, and 1 min at 72 °C, followed by 5
min at 72 °C. The PCR products from each sample were purified with the HighPrep
PCR™ (MagBio) protocol using magnetic beads. The purified PCR products were
quantified with a Qubit™ fluorometer (Invitrogen) and diluted to 0.2 ng µL-1 before Stage
2 PCR and sequencing run according to the Illumina protocol.
AIC Multimodel Inference
A multimodel inference approach was conducted with the ‘MuMIn’ package (version
1.40.4) in R4 to determine the best linear regression model to explain denitrification rates
in this study. Using the ‘dredge’ function, we compared and evaluated the explanatory
power of all possible combinations of predictor variables on denitrification rates using
four different predictor sets: environmental parameters, gene abundances, community
structure, and all combined. A weighted averaged model was generated, consisting of all
models with a delta AICc value no more than four greater than the model with the lowest
AICc value.5,6 Predictor variables with Spearman’s correlation coefficient > |0.7| were not
included in the regression models for each predictor set to avoid over-fitting. Simple
linear regressions were used for each paired covariate and the regression with the lowest
AICc (delta AICc > 4) was kept in the model selection. All statistical analyses were
conducted in R (version 3.2.2. Copyright 2015 The R Foundation for Statistical
Computing).
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Table S1. Bottom water characteristics of sampled tidal creeks. Values measured during
high-tide.
Station Creek
Ref.
U

M

D

Depth (m)

Temperature (°C)

Salinity (PSU)

Chl (µg L-1)

Nov Feb May Sep

Nov Feb May Sep

Nov Feb May Sep

Nov Feb May Sep

nd

nd 0.45 0.30

nd

nd 19.7 20.3

nd

2.7

nd

Imp.

0.46 0.09 0.06 0.15 16.0 9.30 23.9 21.9 0.78 0.70 0.79 0.57 23.5 2.9

2.4

nd

Ref.

0.85 0.64 0.91 0.80 15.0 6.38 25.0 23.5 26.3 24.7 17.0 14.8 1.80 3.00 5.5

nd

Imp.

1.04 0.82 0.76 0.75 15.1 6.65 25.3 22.7 12.8 12.6 1.60 1.34 10.1 55.0 114

nd

Ref.

1.16 0.30 0.82 0.70 15.4 6.40 26.6 25.2 28.1 24.3 27.6 24.1 1.90 13.1 4.9

nd

Imp.

0.66 0.23 0.70 0.47 15.5 5.59 23.5 23.9 27.1 25.1 19.5 15.0 1.90 10.3 12.6 nd

nd: not determined.

147

nd

nd 0.26 0.15

nd

Table S2. Top models selected from multimodel inference of denitrification with
different sets of predictors. The top models with delta AICc < 4 for each set of predictors
were averaged and the adjusted R2 and p values are shown.
Parameters
tested b,c

NO3,
NH4,
DOC,
%OM

16S,
nirS, nosZI, nosZ-II
Chao, Ace,
Shannon,
Axis
(1,2,3) f

Combined

Gene
abundance e
Community
structure

Environmental

Predictors
Set a

Top Models (delta AICc <4)

AICc

Weight

y = a0 + a1 (%OM)

625.7

0.32

y = a0 + a1 (%OM) + a2 (DOC)

626.8

0.19

y = a0 + a1 (%OM) + a2 (NH4)

627.7

0.12

y = a0 + a1 (%OM) + a2 (NO3)

628.0

0.10

y = a0 + a1 (%OM) + a2 (DOC) + a3 (NH4)

629.2

0.06

y = a0 + a1 (%OM) + a2 (DOC) + a3 (NO3)

629.2

0.06

y = a0 + a1 (nosZI)

612.4

0.92

y = a0 + a1 (axis.1) + a2 (axis.2) + a3
(axis.3)

624.2

0.60

y = a0 + a1 (Shannon)

626.6

0.19

y = a0 + a1 (axis.1) + a2 (axis.2) + a3
(axis.3) + a4 (Shannon)

626.6

0.19

y = a0 + a1 (nosZI) + a2 (axis.1) + a3
(axis.2) + a4 (axis.3) + a5 (NO3)

586.8

0.58

All
y = a0 + a1 (axis.1) + a2 (axis.2) + a3
(axis.3) + a4 (NO3) + a5 (Shannon)

588.1

a

All models were tested on the same 59 observations.

b

Maximum number of predictor variables included in each tested model was n/10.

c

AdjR2 (d)

pvalue d

0.06

5.39 x
10-3

0.28

9.99 x
10-6

0.17

3.62 x
10-4

0.60

9.8 x
10-14

0.30

Covariates were kept or removed from the multimodel comparison based on the AICc of simple linear regressions.
The Adj-R2 and p-value of the averaged or best model are shown for each predictor set.
e
All four genes co-varied with each other. An AIC comparison was performed between the four simple linear
regressions. The regression with the nosZ-I gene was significantly better than 16S, nirS, or nosZ-II.
f
The first three principle coordinates (axis) of the Bray-Curtis distance matrix were used as measures of β-diversity.
d
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Figure S1
Denitrification Genes Relative Abundance
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Figure S1. Denitrification genes relative abundance in reference (blue) and impacted
(red) creek sediments. Bars represent mean ± SE of triplicate cores. The relative
abundance was estimated by dividing each gene copy numbers by the 16S rRNA gene
copy numbers obtained through qPCR.
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Figure S2
Class Composition
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Figure S2. Bacterial community composition at the class level in reference
(Nickawampus) and impacted (Parker) creek sediments. Only taxonomical groups with
relative abundance higher than 1% are shown. Each stacked bar represents the mean of
triplicate cores. nd: not determined.
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Figure S3
Alpha Diversity
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Figure S3. Species richness and α-diversity of microbial communities from the reference
(blue) and impacted (red) creek sediment samples. Points represent mean ± SE of
triplicate cores. Significant difference between creeks at each location is marked with *
(2-way ANOVA, p<0.05).
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Denitrification Rates
(normalized by bottom water nitrate)
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Figure S4. Potential denitrification rates of reference (blue) and impacted (red) creek
sediments normalized by the concentrations of NO3- in the bottom water. Bars represent
mean ± SE of triplicate cores. Significant difference between creeks at each location is
marked with * (2-way ANOVA, p<0.05). nd: not determined.
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Chapter 5. Metagenomic profile of the antibiotic resistome in a
tidal creek impacted by poultry industry wastewater
5.1. Abstract
Antibiotics are used in the livestock and poultry industry to prevent and treat disease or,
in some instances, as feed supplements to promote growth. The increase and
intensification of the poultry industry may lead to the increase of antibiotic resistance
genes (ARGs) and mobile genetic elements (MGEs) in the environment. However, the
impacts of wastewater discharge from poultry processing plants on the sediment
resistome are relatively unexplored. The objective of this study was to quantify the
abundance and diversity of ARGs and MGEs in sediments impacted by poultry industry
wastewater. We performed a metagenomic investigation of sediments in an impacted and
a reference tidal creek, and quantified abundance and diversity of ARGs and MGEs in
assembled contigs. We also quantified the abundance of clinical class 1 integronintegrase gene (intI1) through qPCR as a secondary marker of anthropogenic
contamination. Abundance and diversity of ARGs and MGEs were significantly higher in
the impacted tidal creek, especially near the wastewater discharge. Abundances of ARGs
conferring resistance to macrolides, tetracyclines, and streptogramins were also higher in
the impacted creek, when compared to the reference creek. These results suggest a
historical antibiotic exposure in the microbial communities present in the impacted tidal
creek. This study demonstrates that wastewater discharge from a poultry processing plant
may lead to an increase in the spread of ARGs and MGEs in receiving waterways, which
can result in negative impacts on ecosystem health.
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5.2. Introduction
Antibiotics are important pharmaceutical drugs used to protect humans and other animals
against infectious disease caused by microbial organisms. Their increased production and
consumption in the past decades, however, has led to increased environmental
concentrations in aquatic ecosystems. Currently, around 50% of surface waters in the
United States (US) have detectable levels of selected antibiotics at ppb concentrations (1,
2). A total of 14 compounds were previously detected nationwide including:
chlortetracycline, ciprofloxacin, erythromycin, lincomycin, norfloxacin, oxytetracycline,
roxithromycin, sulfamethoxine, sulfamethazine, sulfamethizole, sulfamethoxazole,
tetracycline, trimethoprim, tylosin (2). Increased concentrations of antibiotics in the
aquatic environment may have negative consequences, such as growth inhibition of nontargeted beneficial bacteria and the spreading of antibiotic resistance (3).
Antibiotic usage varies between countries and regions. In the US and the
European Union (EU), antibiotic usage is evenly split between human and veterinary
uses. (1, 4). Antibiotics are used in livestock and poultry industries to prevent and treat
disease or, in some instances, as feed supplements to promote growth (4, 5). Increased
antibiotic concentrations can be found in aquatic environments surrounding animal
housing facilities (6–8). Wastewater treatment plants (WWTP) are another major source
of antibiotics to the surrounding environment and increased concentrations are usually
found near these facilities (1, 3, 9). The sharp increase in poultry production over the last
decades has led to an increase in poultry processing plants that directly discharge treated
wastewater to surface waters (described in Chapter 4 of this dissertation). Due to the
historical use of antibiotics in the poultry industry, these direct discharges may result in
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an increase in antibiotic concentrations or the spreading of antibiotic resistance genes in
the aquatic environment (4). However, the relative contribution of these discharges to
antibiotic contamination or antibiotic resistance is relatively unknown.
Detecting and quantifying antibiotics in environmental matrices is not a trivial
task. It is labor intensive, costly, and time-consuming, and might not be sensitive enough
for the detection of the low, sub-therapeutic doses found in the environment. The wide
array of different compounds administered in the livestock and poultry industries further
constrains the detection and quantification of antibiotics based on targeted approaches
towards small groups of compounds. Quantification of antibiotic resistance genes
(ARGs) in environmental samples can contribute to unveil past antibiotic exposure in
microbial communities, since antibiotic exposure is a major selective pressure towards
the acquisition of ARGs by microorganisms (10, 11). The collection of all the ARGs in
microorganisms is known as the antibiotic resistome (12). Previous studies have
identified and quantified ARGs in aquatic ecosystems impacted by different
anthropogenic activities, such as antibiotic production waste (13, 14), WWTPs (15–17),
and animal production facilities (6, 17, 18).
Two main approaches can be used to detect ARGs in the environment, targeted
and untargeted. Targeted approaches quantify specific ARGs or associated mobile
genetic elements (MGEs), such as integrons and transposons, through polymerase chain
reaction (PCR) or quantitative PCR (qPCR) (6, 15, 19). These studies have considerably
advanced our knowledge of environmental contamination with antibiotics and the
spreading of antibiotic resistance. However, targeted techniques may limit our ability to
assess the diverse array of antibiotics potentially used in the animal industry and to
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understand the differential responses of different ARGs in the environment. For instance,
some ARGs correlate more strongly with human activities than others that are more
ubiquitous in environmental samples (20). Additionally, targeted quantitative approaches
such as qPCR may be biased due to the use of selected primers for gene detection. In
order to overcome the limitations of targeted approaches, untargeted, shotgun
metagenomics has recently been used to quantify the abundance of diverse ARGs
responding to various types of antibiotic contamination (13, 21, 16, 14, 22, 17). These
approaches have also been successful in identifying the presence of MGEs and assessing
the potential for horizontal gene transfer and environmental spreading of antibiotic
resistance (13, 16, 14, 17).
The objective of this study was to quantify the abundance and diversity of ARGs
and MGEs as markers of historical antibiotic exposure in sediment microbial
communities impacted by poultry industry wastewater. To achieve this goal, we
performed a metagenomic investigation of sediments collected during a field survey on
tidal creeks differently impacted by the poultry industry. We also quantified the
abundance of clinical class 1 integron-integrase gene (intI1) through qPCR as a
secondary marker of anthropogenic contamination and antibiotic exposure (23).

5.3. Material and Methods
5.3.1. Field Survey and Sediment Sampling
The tidal creeks selected for this study are located in the Virginia Eastern Shore (VaES),
USA, and are characterized in Chapter 4 of this dissertation. Briefly, a field comparative
study was performed on two tidal creeks. Parker Creek, here referred to as the impacted
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creek, was selected because it receives the direct discharge of treated wastewater from a
poultry processing plant. Nickawampus Creek, here referred to as the reference creek,
does not receive direct discharge from any processing plant. Three stations were sampled
along a sediment transect: Upstream (U), Midstream (M), and Downstream (M) (Figure
4.1). The upstream station in the impacted creek is the closest to the processing plant
discharge (between 1-3 km) and the downstream the furthest (around 5 km). In the
reference creek, the three stations sampled targeted a similar salinity and distance
gradient as in the impacted creek. A seasonal sampling was performed and a subset of
two seasons was selected for this metagenome study: May and September 2017. The
bottom water nutrient concentrations and physicochemical characteristics of the sampled
tidal creeks were previously reported in Chapter 4 of this dissertation (Table 4.1 and
Table 4.S1).
5.3.2. Metagenome Sequencing and Functional Annotation
Two replicate cores from each station in each season were used for metagenome analysis
through shotgun sequencing. Genomic DNA was extracted from 0.5-0.75 g of sediment
using the PowerLyzer PowerSoil DNA Isolation kit (MoBio), as described in Chapter 4.
Purified genomic DNA was sequenced by Novogene Corporation (CA, USA). Libraries
were prepared using the Illumina Nextera XT Kit with an input of 1 ng of DNA per
library. The average DNA insert was approximately 350 bp. Nextera adapters were
ligated on to the libraries and sequenced on an Illumina HiSeq platform (2 x 150 bp).
Approximately 4 Gb (Giga base pairs) of data were generated for each sample.
The raw metagenome sequences were initially trimmed with Trimmomatic V0.33
to remove adapter sequences, short reads (< 36 bp), and reads with an average quality
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score below 15 within 4-base windows (24). De novo assemblies of each sample
metagenome were carried out using MEGAHIT V1.1 (25, 26), with the meta-large preset
and minimum contig length of 500 bp. The resulting assembled contigs were assigned to
protein-coding genes with PROKKA (27), using the metagenome preset settings. To
estimate gene abundance, the quality-filtered reads were mapped back to the contigs with
bowtie2 (28), using the local alignment mode while allowing for 1 base mismatch. The
number of reads mapped to the target genes of this study (antibiotic resistance and mobile
genetic elements) was counted for each metagenome.
Since we were investigating the impacts of poultry industry wastewater on the
resistome and wanted to avoid the quantification of very low specificity resistance genes
(e.g. multidrug efflux pumps), we performed a string-based word search on the PROKKA
annotated metagenomes for protein names associated with antibiotics approved for use in
the poultry industry (5): bacitracin, chlortetracycline, erythromycin, gentamicin,
lasalocid, lincomycin, monensin, neomycin, nystatin, oxytetracycline, penicillin,
spectinomycin, streptomycin, sulfadimethoxine, tetracycline, tylosin, and virginiamycin.
To quantify the abundance of mobile genetic elements (MGEs), we performed a stringbased word search for protein names associated with integrons, integrases, transposons,
and transposases. To account for differences in sequencing depth between samples, the
number of mapped reads for each target gene were normalized against the average count
number of three single-copy genes found in nearly all free-living bacteria (29): RecA
protein (RecA), DNA gyrase subunit B (gyrB), and DNA-directed RNA polymerase
subunit beta (rpoB). The normalized abundance of a target gene in this study was
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obtained using the formula below, similarly to one previously described by Chu et al.
(2018) (16):
𝑅𝑒𝑙𝑎𝑡𝑖𝑣𝑒 𝐴𝑏𝑢𝑛𝑑𝑎𝑛𝑐𝑒
=

𝑡𝑜𝑡𝑎𝑙 𝑐𝑜𝑢𝑛𝑡𝑠 𝑜𝑓 𝑡𝑎𝑟𝑔𝑒𝑡 𝑔𝑒𝑛𝑒 (𝐴𝑅𝐺, 𝑀𝐺𝐸, 𝑜𝑟 𝑑𝑒𝑛𝑖𝑡𝑟𝑖𝑓𝑖𝑐𝑎𝑡𝑖𝑜𝑛)
𝑚𝑒𝑎𝑛 𝑐𝑜𝑢𝑛𝑡𝑠 𝑜𝑓 3 𝑠𝑖𝑛𝑔𝑙𝑒 𝑐𝑜𝑝𝑦 𝑔𝑒𝑛𝑒𝑠 (𝑅𝑒𝑐𝐴, 𝑔𝑦𝑟𝐵, 𝑟𝑝𝑜𝐵)

5.3.3. qPCR of clinical class 1 integron-integrase (intI1) and total bacteria
(16S)
Prevalence of anthropogenic pollution in the sediments was quantified by qPCR of
clinical class 1 integron-integrase gene, intI1, in the extracted DNA. Standards were
prepared through a serial dilution of M13 PCR products from plasmids carrying the target
gene and quantified using an Agilent 220 TapeStation System (Agilent Technologies).
The primers intIF165 and intI1R476 were used to generate 311 bp amplicons (23). The
20 µL qPCR reactions for intI1 quantification consisted of 10 µL of SYBR green Go-Taq
qPCR Master Mix (Promega), 0.05 µL of CRX dye, 0.25 µL of each primer (10µM), 0.2
µL of bovine serum albumin (BSA), 2 ng of template DNA, and were adjusted to final
volume with nuclease-free H2O. The qPCR conditions for intI1 quantification were the
following: 3 min at 94 °C, followed by 35 cycles of 30 s at 94 °C, 30 s at 62 °C, 60 s at
72 °C, and 3 s at 80 °C for fluorescence detection. Amplification efficiency was 78% and
the R2 value of the standard curve was 0.97. All reactions were performed in 96 well
plates with two negative controls, which contained no template DNA, to exclude any
potential contamination. Reaction specificity was confirmed using gel electrophoresis in
comparison with standards and monitored by analysis of dissociation curves during
quantitative amplification. The relative abundance of intI1 gene was normalized against
total bacterial abundance, estimated by qPCR of 16S rRNA gene. The primers used for
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16S rRNA gene amplification were EU341F and 685R and generated 344 bp amplicons
(30). The qPCR components and thermal cycling conditions for 16S rRNA gene qPCR
were previously described in Chapter 4 of this dissertation.
5.3.4. Statistical analysis
Differences in the normalized abundance of total antibiotic resistance genes, total mobile
genetic elements, and intI1 between impacted and reference creeks at each season were
analyzed using two-way ANOVAs. The factors included in the ANOVAs were creek
(categorical; reference or impacted) and location (categorical; upstream, midstream,
downstream). Tukey’s-HSD test was used to perform multiple comparisons between
groups. Normality and homoscedasticity were assessed with Q-Q plots and residual plots.
Response variables with large departures from normality or homoscedasticity were log
transformed to meet ANOVA assumptions. Principal coordinate analyses (PCoA) were
performed to evaluate dissimilarity of ARGs and MGEs structures between samples
using the phyloseq package in R (31). Significant effects of creek, location, and month in
gene structure dissimilarity were tested by permutational ANOVA (PERMANOVA)
using the adonis function of the vegan package in R (32). All PERMANOVA models,
either including only creek, only location, or only month, and the different combinations
of the three factors were compared with the Akaike Information Criterion (AIC) and the
model with lowest corrected AIC and highest weight was used for subsequent analysis
and interpretation. Significant relationships for all tests were considered at α < 0.05. All
statistical analyses were conducted in R (version 3.2.2. Copyright 2015 The R
Foundation for Statistical Computing).
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5.4. Results
5.4.1. Antibiotic resistance genes (ARGs) in sediment metagenomes
An average of 25,087,219 sequences per sample was obtained for contig assembly and
functional annotation following quality screening and removal of adapter sequences
(Table 1). From an average of 168,413 contigs per sample, between 3,567 and 6,733
different genes were found in each sample. We identified 42 different genes conferring
resistance to antibiotics among all samples collected in this study (Table S1). A principal
coordinate analysis, representing the dissimilarity between samples based on the relative
abundance of ARGs, is presented in Figure 1. The first two principal coordinates
represented 54.2% of the variation in the resistome structure of these communities. The
selected permutational analysis of variance (PERMANOVA) resulted in a significant
effect of creek (R2partial = 0.11, p = 0.003), location (R2partial = 0. 23, p = 0.001), and
interaction between creek and location (R2partial = 0. 16, p = 0.001). The month of
sampling was removed from the best model after AIC model selection and did not have a
significant effect on the resistome structure. The two creeks presented a very different
spatial trend across the three locations. While the samples from the reference creek do not
present a clear separation between upstream, midstream, and downstream stations, the
samples from the impacted creek present a strong separation from upstream to
downstream stations. This spatial variation in the impacted creek also corresponds to a
dissimilarity trend with the samples from the reference creek. The upstream stations from
the impacted creek cluster further apart from the corresponding stations in the reference
creek than the midstream or downstream stations, indicating a more distinct resistome
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structure at the upstream station, near the wastewater discharge of the poultry processing
plant.
Among the 42 ARGs detected in this study, 10 of them were detected only in the
impacted creek, 3 in the reference creek only, and 29 were detected in both creeks. The
difference between the creeks is more obvious at the upstream stations, where 22 genes
were found only in the impacted creek, 1 in the reference creek only, and 14 in both
creeks. In total, the number of ARGs found at the upstream station in the impacted creek
(nARG = 36) was more than twice the number of ARGs found at the upstream station in
the reference creek (nARG = 15). The total normalized abundance of ARGs at the
upstream station in the impacted creek was also higher than the normalized abundance in
the reference creek (Figure 2). In May, however, this difference was not significant (2way ANOVA, p > 0.05). In September, the total abundance of ARGs at the upstream
station in the impacted creek was 4 times higher than the reference creek (2-way
ANOVA, p > 0.05). At the midstream and downstream stations, the difference between
the two creeks weakens and the distribution of ARGs becomes more similar between
reference and impacted creeks.
The most abundant ARGs in both creeks and across all stations was the macrolide
export ATP-binding/permease protein (MacB) and macrolide export protein (MacA), with
combined average abundances of 1.05 and 0.91 reads/reference gene reads in the
impacted and reference creek, respectively. At the upstream stations, the difference
between the two creeks was larger, with a combined average abundance of 1.31 and 0.77
in the impacted and reference creek, respectively, across the two sampling months. When
considering the resistance to tetracycline, one the most commonly used antibiotics in the
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animal industry, we found an average normalized abundance of 0.031 reads/reference
gene reads in the impacted creek and 0.008 reads/reference gene reads in the reference
creek. The tetracycline genes identified belong to classes A, B, C, D, E, G, H, and O of
tetracycline resistance determinants. The most abundant was class C, with an average
normalized abundance of 0.166 reads/reference reads in the impacted creek and 0.044
reads/reference reads in the reference creek. We also found three genes conferring
resistance to virginiamycin, a streptogramin commonly used in the animal industry as a
growth promoter and therapeutic drug: virginiamycin A acetyltransferase, virginiamycin
B lyase, and streptogramin A acetyltransferase. The normalized abundance of these genes
was 0.059 reads/reference gene reads in the impacted creek and 0.007 reads/reference
gene reads in the reference creek.
5.4.2. Mobile genetic elements (MGEs) in sediment metagenomes
We identified 14 integron-associated genes (transposases or integrases) among the
samples collected in this study (Table S2). A principal coordinate analysis, representing
the dissimilarity between samples based on the relative abundance of integron-associated
genes (IAGs), is presented in Figure 3. The first two principal coordinates represented
55.1% of the variation in the distribution of the IAGs in these communities. The selected
permutational analysis of variance (PERMANOVA) resulted in a significant effect of
creek (R2partial = 0.11, p = 0.001), location (R2partial = 0. 21, p = 0.001), and interaction
between creek and location (R2partial = 0. 24, p = 0.001). The month of sampling was
removed from the best model after AIC model selection and did not have a significant
effect on the IAGs community structure. The distinction between the two creeks is only
visible at the upstream stations. The impacted creek samples from downstream and
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midstream stations cluster together with the corresponding stations in the reference creek.
However, the upstream stations of the impacted creek cluster far apart from the upstream
stations and all other samples of the reference creek, indicating a distinct distribution of
IAGs near the wastewater discharge of the processing plant.
Among the 14 IAGs found in this study, 2 of them were detected only in the
impacted creek, 2 in the reference creek only, and 10 in both creeks. The difference
between the creeks is only visible at the upstream stations, where 5 genes were found
only in the impacted creek, 0 in the reference creek only, and 7 in both creeks. In total,
the number of IAGS found at the upstream station in the impacted creek (nARG = 12) was
nearly twice the number of IAGs found at the upstream station in the reference creek
(nARG = 7). The highest abundances of IAGs were observed at the upstream station from
the impacted creek and were significantly higher than the normalized abundance in the
reference creek in both months (Figure 4). The normalized abundance of IAGs at the
upstream station in the impacted creek was 15 and 17 times higher than the reference
creek in May and September (2-way ANOVA, p > 0.05), respectively. This large
difference is not visible in the midstream or downstream stations, where the normalized
abundance is occasionally higher in the reference creek.
5.4.3. Abundance of clinical class 1 integron-integrase gene (intI1)
Relative abundance of intI1 genes determined by qPCR assays is shown in Figure 5. The
intI1 relative abundance in the reference creek ranged from 0.013 to 0.041 gene
copies/16S gene copies without any monthly or spatial trend. In the impacted creek, the
intI1 relative abundance ranged from 0.015 to 0.235 gene copies/16S gene copies with a
clear spatial trend. In both sampling months, the highest abundances in the impacted
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creek were observed at the upstream station, closest to the wastewater discharge from the
processing plant. The relative abundance of this gene at the upstream station in the
impacted creek was on average 6 times higher than in the reference creek. In September,
the difference between the two creeks was also observed in the midstream stations.

5.5. DISCUSSION
The diversity and abundance of antibiotic resistance genes (ARGs) in the impacted creek
were considerably higher than in the reference creek. This result was particularly clear at
the upstream station of the impacted creek, closest to the discharge of the poultry
processing plant. In fact, the difference in the resistomes between impacted and reference
creeks is practically nonexistent at the downstream stations, farther from the processing
plant. This decreasing gradient of dissimilarity and the higher abundances detected at the
upstream stations suggest that the wastewater discharge, occurring upstream of the three
analyzed stations, is the source of most ARGs or provides the chemical environment
enhancing their abundance. These results are comparable to previous studies which found
higher abundances of ARGs near wastewater treatment plants or animal feeding
operations, when compared to reference or more distant sites (6, 15, 20, 16). Others have
found even larger differences, for example, by comparing lakes directly affected by
antibiotic manufacturing to remote pristine lakes where differences of more than three
orders of magnitude can be found (13). In the terrestrial environment, previous studies
have also shown spatial and temporal trends, with higher abundances in soils collected
near livestock feeding areas and lower abundances of ARGs years after termination of
farming operation (33). The results from our study support the abundant literature
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reporting dissemination of ARGs in environments impacted by anthropogenic activities
generating human or animal-related wastewater (1, 13, 20, 16).
As discussed in previous works, the higher abundance of ARGs in metagenomes
from the impacted creek can be explained by the selective pressure from historical
exposure to antibiotics in the creek or to migration of resistant bacteria directly from the
processing plant (13). The presence of antibiotics in the environment (creek or processing
plant) favors an increase in the frequency of ARGs and acts as a major selection force of
antibiotic resistant bacteria and ARGs (21). It is true that other contaminants, such as
metals or disinfectants, may co-select for the presence of some ARGs (3). However, our
approach of searching for a subset of ARGs that confer resistance to a particular group of
antibiotics (authorized for usage in the poultry industry), aimed to eliminate the
confounding influence of co-selection by pollutants other than antibiotics. It is thus
reasonable to expect that the main selective force of this set of ARGs is antibiotics, rather
than other co-selectors. Since ARGs can remain in bacterial communities even after the
selective pressure is removed, i.e., the “easy-to-get, hard-to-loose” phenomenon (10), we
cannot determine if the antibiotic pressure is due to a recent or past exposure; this
determination is outside the scope of this work.
When considering the individual ARGs detected in this study, the two most
abundant ARGs, MacB and MacA confer resistance to macrolides. Macrolide resistance
genes were also found to be abundant ARGs in sediment metagenomes near WWTP
outfalls in a previous study (16). Macrolide antibiotics, such as erythromycin and tylosin,
are commonly used in the poultry industry, and up to 67% of tylosin may be excreted by
livestock or poultry when orally administered, favoring environmental dissemination (5).
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The average normalized abundance of the two genes was higher in the impacted creek,
especially at the upstream station, where their combined abundance was almost twice the
abundance detected in the reference creek. The proteins encoded by MacB and MacA are
part of a transmembrane complex (MacAB) that provides macrolide-specific resistance
through active efflux (34). The relatively high abundance of these genes in the impacted
creek suggests historical exposure in these microbial communities to macrolide
compounds, which is likely due to their high usage in the poultry industry.
We also found an increased abundance of tetracycline resistance genes in the
impacted creek, when compared to the reference creek. The most abundant tetracycline
resistance gene found in our study belongs to class C, mostly found in the impacted
creek. A previous study identified classes C, E, and O as associated with WWTPs and
classes H, Q, S, and T to be associated with animal feeding operations (35). We found the
genes from all classes of the first group (C, E, and O) with a cumulative normalized
abundance of 0.0473 in the reference creek and 0.1687 in the impacted creek, and very
low to zero abundances of genes from classes H, Q, S, and T. The distribution of the
tetracycline resistance classes in our study suggests that the molecular signature of these
sediment metagenomes is representative of a WWTP more so than an animal feeding
operation, which is not surprising since the processing plant contains its own WWTP to
treat the wastewater before discharging to the creek. This finding is also in agreement
with the microbial community results described in Chapter 4 of this dissertation, which
showed a community composition characteristic of WWTP effluent. However, we also
found an increased abundance of genes conferring resistance to streptogramin, such as
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virginiamycin, which is not expected near urban or municipal WWTP outfalls (16). This
result indicates that these ARGs may be specific to wastewater from the poultry industry.
The normalized abundance of mobile genetic elements (MGEs) in this study was
substantially higher at the upstream station in the impacted creek. This abundance
decreased with distance from the processing plant discharge and reached reference creek
levels at the midstream and downstream stations. Higher abundance of MGEs, including
integrases and transposases, near wastewater discharges or antibiotic-polluted
environments has been reported in previous studies (13, 14). In addition to the increased
abundance of MGEs found in the impacted creek metagenomes, we also found increased
relative abundances of the clinical class1 integron-integrase gene (intI1) through
quantitative PCR assays. This MGE was proposed as a marker of anthropogenic pollution
due to its rapid response to various human pollutants, such as antibiotics, disinfectants,
and heavy metals (23). Livestock waste products are characterized by increased levels of
diverse antibiotic resistance genes and enriched concentrations of heavy metals (36), so
the increased abundance in the impacted creek is not surprising. Indeed, the presence of
intl1 genes was previously reported to increase in poultry house litter, CAFOs aerosols,
and groundwater impacted by animal farming (37–39). This result underscores that this
creek is highly impacted by the chicken industry, when compared to the reference creek.
In summary, the results from this study show that wastewater discharge from a
poultry processing plant may lead to an increase in ARGs and MGEs in receiving
waterbodies. Simultaneous high abundances of ARGs and MGEs in impacted creeks are
a cause for concern due to an increased risk of antibiotic resistance propagation among
bacterial communities in the aquatic environment which may have negative consequences
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to environmental and human health. Due to the increasing trend of global poultry
production, this source of antibiotic resistance should not be ignored in future estimates
of antibiotic resistance levels in the Anthropocene.
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5.8. Tables
Table 1. Summary statistics of metagenomic sequencing and assembly.
Creek

Location
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Upstream
Midstream
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Downstream
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Upstream
Midstream
Downstream
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Upstream
Midstream
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Downstream
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Upstream
Midstream
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Raw
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Trimmed
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Contigs
N50 (bp)

b

21,438,186

c
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20,559,188

76,874
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24,351,101

23,422,137
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5.9. Figures
PCoA: Antibiotic Resistance Genes
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Figure 1. Principal Coordinate Analysis (PCoA) plot representing the dissimilarity in the
normalized abundance of antibiotic resistance genes between samples from reference
(blue) and impacted (red) sediments. Upstream (circles), Midstream (squares), and
Downstream (triangles) samples from all May and September are shown. Sample
dissimilarity and distance analysis was calculated using the Bray-Curtis dissimilarity
index.
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Resistome
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Impacted
Midstream

Downstream

May

*

Total
Macrolide export ATP−binding/permease protein MacB
Macrolide export protein MacA
Metallo−beta−lactamase type 2
Beta−lactamase hydrolase−like protein
Tetracycline resistance protein, class C
Virginiamycin B lyase
Tetracycline repressor protein class A from transposon 1721
Aminoglycoside N(6')−acetyltransferase type 1
Streptogramin A acetyltransferase
Tetracycline resistance protein, class B
Gentamicin 3−N−acetyltransferase
Metallo−beta−lactamase L1 type 3
Bacitracin export ATP−binding protein BceA
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Figure 2. Normalized abundance of antibiotic resistance genes in assembled
metagenomes from reference (blue) and impacted (red) sediments. Each point represents
the normalized abundance in a replicate sample from each station. The genes are
vertically ordered by decreasing abundances and only genes with normalized abundance
higher than 0.10 are shown. Significant difference between the total abundance of the two
creeks at each station are marked with * (2-way ANOVA, p < 0.05).
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PCoA: Integron−Associated Genes
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Figure 3. Principal Coordinate Analysis (PCoA) plot representing the dissimilarity in the
normalized abundance of mobile genetic elements between samples from reference (blue)
and impacted (red) sediments. Upstream (circles), Midstream (squares), and Downstream
(triangles) samples from all May and September are shown. Sample dissimilarity and
distance analysis was calculated using the Bray-Curtis dissimilarity index.
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Mobile Genetic Elements
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Transposon gamma−delta resolvase
Transposase for transposon Tn5
Transposon Tn3 resolvase
Prophage integrase IntA
REP−associated tyrosine transposase
Tetracycline repressor protein class A from transposon 1721
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Figure 4. Normalized abundance of mobile genetic elements in assembled metagenomes
from reference (blue) and impacted (red) sediments. Each point represents the normalized
abundance in a replicate sample from each station. The genes are vertically ordered by
decreasing abundances. Significant difference between the total abundance of the two
creeks at each station are marked with * (2-way ANOVA, p < 0.05).
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i nt I 1 relative abundance
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gene copies/16S gene copies

0.3
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Figure 5. Relative abundance of clinical class 1 integron-integrase (intI1) gene in
reference (blue) and impacted (red) creek sediments. Bars represent mean ± SE of
triplicate cores. Significant difference between the two creeks at each station are marked
with * (2-way ANOVA, p < 0.05).
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5.10. Appendix D
Table S1. Antibiotic resistance genes detected in the sediment metagenomes. Genes are
ordered by decreasing normalized abundance in each sample. M – Month; C – Creek; L –
Location; R – Replicate.
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Macrolide export protein MacA
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Bacitracin export ATP-binding protein BceA
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Anhydrotetracycline monooxygenase
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Tetracycline resistance protein TetO
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Tetracycline resistance protein, class C
Tetracycline repressor protein class D
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Beta-lactamase hydrolase-like protein
Metallo-beta-lactamase type 2
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Bacitracin export ATP-binding protein BceA
Beta-lactamase HcpA
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Aminoglycoside 6-adenylyltransferase
Beta-lactamase AST-1
Beta-lactamase OXA-133
Streptogramin A acetyltransferase
Aminoglycoside 2'-N-acetyltransferase
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Bacitracin export ATP-binding protein BceA
Metallo-beta-lactamase type 2
Beta-lactamase hydrolase-like protein
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Metallo-beta-lactamase L1 type 3
Erythromycin 3''-O-methyltransferase
Tetracycline resistance protein TetO
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Metallo-beta-lactamase type 2
Bacitracin export ATP-binding protein BceA
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Virginiamycin A acetyltransferase
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Macrolide export protein MacA
Macrolide export ATP-binding/permease protein MacB
Metallo-beta-lactamase type 2
Tetracycline resistance protein, class C
Tetracycline resistance protein, class B
Tetracycline repressor protein class A from transposon 1721
Beta-lactamase hydrolase-like protein
Virginiamycin B lyase
Beta-lactamase Toho-1
Gentamicin 3-N-acetyltransferase
Streptogramin A acetyltransferase
Beta-lactamase OXA-133
Virginiamycin A acetyltransferase
Anhydrotetracycline monooxygenase
Beta-lactamase OXA-10
Beta-lactamase HcpA
Tetracycline repressor protein class D
Aminoglycoside N(6')-acetyltransferase type 1
Aminoglycoside 3'-phosphotransferase
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Tetracycline resistance protein, class C
Metallo-beta-lactamase type 2
Virginiamycin B lyase
Tetracycline repressor protein class A from transposon 1721
Gentamicin 3-N-acetyltransferase
Beta-lactamase hydrolase-like protein
Tetracycline resistance protein, class B
Beta-lactamase
Beta-lactamase Toho-1
Metallo-beta-lactamase L1 type 3
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Extended-spectrum beta-lactamase PER-1
Streptogramin A acetyltransferase
Bacitracin export ATP-binding protein BceA
Aminoglycoside N(6')-acetyltransferase type 1
Tetracycline repressor protein class G
Tetracycline repressor protein class B from transposon Tn10
Beta-lactamase regulatory protein BlaB
Aminoglycoside 6-adenylyltransferase
Anhydrotetracycline monooxygenase
Aminoglycoside 2'-N-acetyltransferase
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Metallo-beta-lactamase type 2
Virginiamycin B lyase
Tetracycline resistance protein, class C
Aminoglycoside N(6')-acetyltransferase type 1
Tetracycline repressor protein class A from transposon 1721
Beta-lactamase hydrolase-like protein
Bacitracin export ATP-binding protein BceA
Tetracycline repressor protein class D
Tetracycline resistance protein, class B
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72
58
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Downstream
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Upstream
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Streptogramin A acetyltransferase
Beta-lactamase OXA-133
Tetracycline repressor protein class G
Virginiamycin A acetyltransferase
Penicillin G acylase
Aminoglycoside 2'-N-acetyltransferase
Beta-lactamase AST-1
Macrolide export ATP-binding/permease protein MacB
Metallo-beta-lactamase type 2
Macrolide export protein MacA
Beta-lactamase hydrolase-like protein
Tetracycline resistance protein, class C
Aminoglycoside N(6')-acetyltransferase type 1
Virginiamycin B lyase
Tetracycline repressor protein class G
Tetracycline repressor protein class A from transposon 1721
Anhydrotetracycline monooxygenase
Tetracycline repressor protein class D
Aminoglycoside 6-adenylyltransferase
Gentamicin 3-N-acetyltransferase
Metallo-beta-lactamase L1 type 3
Beta-lactamase
Tetracycline resistance protein, class B
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Macrolide export ATP-binding/permease protein MacB
Tetracycline resistance protein, class C
Metallo-beta-lactamase type 2
Macrolide export protein MacA
Beta-lactamase hydrolase-like protein
Penicillin G acylase
Penicillin acylase
Metallo-beta-lactamase L1 type 3
Bacitracin export ATP-binding protein BceA
Tetracycline resistance protein, class B
Tetracycline repressor protein class A from transposon 1721
Virginiamycin A acetyltransferase
Virginiamycin B lyase
Aminoglycoside N(6')-acetyltransferase type 1
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Bacitracin export ATP-binding protein BceA
Beta-lactamase hydrolase-like protein
Metallo-beta-lactamase type 2
Penicillin acylase
Aminoglycoside N(6')-acetyltransferase type 1
Tetracycline repressor protein class G
Virginiamycin B lyase
Streptogramin A acetyltransferase
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Metallo-beta-lactamase type 2
Extended-spectrum beta-lactamase PER-1
Virginiamycin B lyase
Beta-lactamase hydrolase-like protein
Tetracycline resistance protein, class C
Tetracycline repressor protein class E
Bacitracin export ATP-binding protein BceA
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Metallo-beta-lactamase type 2
Streptogramin A acetyltransferase
Extended-spectrum beta-lactamase PER-1
Beta-lactamase OXA-2
Anhydrotetracycline monooxygenase
Aminoglycoside N(6')-acetyltransferase type 1
Macrolide export ATP-binding/permease protein MacB

182

2
1
1
1
1
1
1
81
13
32
5
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4
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2
1
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2
1
1
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1
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1
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6
2
4
2
1
2
1
2
1
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6
1
2
2
1
1
1
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7
3
2
1
1
1
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7455
3003
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26
26
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2422
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535
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335
132
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58
48
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24
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2009
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231
106
81
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3811
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71
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38
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41
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21
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6272

c

Downstream
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Upstream
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Macrolide export protein MacA
Tetracycline resistance protein, class B
Tetracycline resistance protein, class C
Tetracycline repressor protein class H
Metallo-beta-lactamase type 2
Aminoglycoside 2'-N-acetyltransferase
Aminoglycoside 6-adenylyltransferase
Aminoglycoside N(6')-acetyltransferase type 1
Metallo-beta-lactamase L1 type 3
Virginiamycin B lyase
Beta-lactamase HcpA
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Tetracycline resistance protein, class C
Metallo-beta-lactamase type 2
Tetracycline resistance protein, class B
Aminoglycoside 6-adenylyltransferase
Beta-lactamase hydrolase-like protein
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Bacitracin export ATP-binding protein BceA
Aminoglycoside N(6')-acetyltransferase type 1
Virginiamycin B lyase
Tetracycline repressor protein class A from transposon 1721
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Metallo-beta-lactamase type 2
Beta-lactamase hydrolase-like protein
Bacitracin export ATP-binding protein BceA
Metallo-beta-lactamase L1 type 3
Aminoglycoside N(6')-acetyltransferase type 1
Penicillin acylase
Penicillin G acylase
Erythromycin 3''-O-methyltransferase
Tetracycline resistance protein, class B
Extended-spectrum beta-lactamase PER-1
Beta-lactamase OXA-2
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Metallo-beta-lactamase type 2
Tetracycline resistance protein, class B
Beta-lactamase hydrolase-like protein
Virginiamycin B lyase
Bacitracin export ATP-binding protein BceA
Penicillin acylase
Tetracycline resistance protein, class C
Erythromycin C-12 hydroxylase
Macrolide export protein MacA
Macrolide export ATP-binding/permease protein MacB
Metallo-beta-lactamase type 2
Tetracycline resistance protein, class C
Beta-lactamase hydrolase-like protein
Tetracycline repressor protein class A from transposon 1721
Virginiamycin B lyase
Gentamicin 3-N-acetyltransferase
Streptogramin A acetyltransferase
Metallo-beta-lactamase L1 type 3
Tetracycline resistance protein, class B
Beta-lactamase Toho-1
Aminoglycoside N(6')-acetyltransferase type 1
Beta-lactamase OXA-10
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Tetracycline repressor protein class B from transposon Tn10
Extended-spectrum beta-lactamase PER-1
Beta-lactamase HcpA
Beta-lactamase
Erythromycin 3''-O-methyltransferase
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13
5
3
1
2
1
2
2
1
1
1
58
12
4
6
5
2
4
2
2
3
1
1
52
9
9
6
4
3
4
1
1
1
1
1
1
33
8
5
2
4
1
3
1
1
1
58
188
12
16
14
2
20
2
3
9
9
1
11
3
6
3
4
3
1
1

2104
300
273
149
122
49
48
44
38
26
14
4966
1250
426
407
318
216
156
93
84
80
74
50
4306
1229
923
447
143
131
121
101
96
48
24
21
14
3070
921
321
226
199
168
158
35
16
12
21027
20978
7854
4535
4504
4191
3740
1725
1553
959
798
797
667
621
591
543
384
362
293
293

c

Midstream

a

c

Tetracycline repressor protein class D
Tetracycline repressor protein class E
Aminoglycoside 6-adenylyltransferase
Anhydrotetracycline monooxygenase
Bacitracin export ATP-binding protein BceA
Lincosamide resistance protein
Aminoglycoside 2'-N-acetyltransferase
Beta-lactamase 3
Streptomycin 3''-adenylyltransferase
Macrolide export protein MacA
Macrolide export ATP-binding/permease protein MacB
Beta-lactamase hydrolase-like protein
Metallo-beta-lactamase type 2
Tetracycline resistance protein, class C
Tetracycline repressor protein class A from transposon 1721
Virginiamycin B lyase
Aminoglycoside N(6')-acetyltransferase type 1
Streptogramin A acetyltransferase
Penicillin G acylase
Beta-lactamase OXA-10
Beta-lactamase Toho-1
Metallo-beta-lactamase L1 type 3
Tetracycline repressor protein class B from transposon Tn10
Beta-lactamase
Tetracycline resistance protein, class B
Gentamicin 3-N-acetyltransferase
Beta-lactamase regulatory protein BlaB
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Extended-spectrum beta-lactamase PER-1
Virginiamycin A acetyltransferase
Beta-lactamase HcpA
Lincosamide resistance protein
Bacitracin export ATP-binding protein BceA
Anhydrotetracycline monooxygenase
Tetracycline repressor protein class D
Beta-lactamase OXA-133
Beta-lactamase OXA-15
Aminoglycoside 2'-N-acetyltransferase
Macrolide export ATP-binding/permease protein MacB
Macrolide export protein MacA
Metallo-beta-lactamase type 2
Beta-lactamase hydrolase-like protein
Virginiamycin B lyase
Tetracycline resistance protein, class C
Aminoglycoside N(6')-acetyltransferase type 1
Tetracycline repressor protein class G
Bacitracin export ATP-binding protein BceA
Tetracycline resistance protein, class B
Tetracycline repressor protein class H
Aminoglycoside 6-adenylyltransferase
Streptomycin 3''-adenylyltransferase
Virginiamycin A acetyltransferase
Beta-lactamase HcpA
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Aminoglycoside 3'-phosphotransferase
Macrolide export ATP-binding/permease protein MacB
Beta-lactamase hydrolase-like protein
Macrolide export protein MacA
Metallo-beta-lactamase type 2
Tetracycline resistance protein, class C
Virginiamycin B lyase
Tetracycline repressor protein class G
Tetracycline repressor protein class E
Tetracycline repressor protein class D
Streptomycin 3''-adenylyltransferase
Tetracycline repressor protein class A from transposon 1721
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3
1
3
1
2
1
2
1
1
57
169
18
18
18
1
21
17
2
1
3
1
3
2
4
6
2
1
2
5
3
3
2
1
1
2
1
1
1
74
22
7
6
10
4
4
1
5
3
1
3
1
1
1
1
1
69
6
9
5
3
5
1
1
1
1
2

238
161
144
97
68
56
27
17
15
21625
20223
9696
7137
3611
3474
3176
1645
1605
1011
784
725
700
518
470
439
267
256
219
150
138
129
103
79
75
74
60
18
13
37706
17199
5401
2540
2256
1611
1088
235
212
122
109
95
78
44
39
22
19
11198
8173
3308
1725
1242
1192
233
139
136
81
70

Downstream

a

c

Beta-lactamase
Tetracycline resistance protein, class B
Metallo-beta-lactamase L1 type 3
Beta-lactamase HcpA
Extended-spectrum beta-lactamase PER-1
Tetracycline repressor protein class B from transposon Tn10
Aminoglycoside 3'-phosphotransferase
Beta-lactamase OXA-133
Aminoglycoside 2'-N-acetyltransferase
Penicillin acylase
Aminoglycoside N(6')-acetyltransferase type 1
Macrolide export ATP-binding/permease protein MacB
Tetracycline resistance protein, class B
Macrolide export protein MacA
Beta-lactamase OXA-133
Metallo-beta-lactamase type 2
Penicillin acylase
Beta-lactamase hydrolase-like protein
Virginiamycin A acetyltransferase
Beta-lactamase OXA-10
Macrolide export ATP-binding/permease protein MacB
Beta-lactamase hydrolase-like protein
Macrolide export protein MacA
Metallo-beta-lactamase L1 type 3
Tetracycline resistance protein, class C
Aminoglycoside N(6')-acetyltransferase type 1
Penicillin acylase
SPBc2 prophage-derived aminoglycoside N(3')-acetyltransferase-like protein YokD
Metallo-beta-lactamase type 2
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2
2
1
1
1
1
1
1
1
1
1
29
3
2
1
2
2
2
1
1
49
9
3
3
2
2
1
1
1

59
49
27
22
19
19
18
16
13
13
9
1316
110
87
60
60
57
38
28
6
2994
371
297
157
66
56
56
26
16

Table S2. Mobile genetic elements detected in the sediment metagenomes. Genes are
ordered by normalized abundance in each sample. M – Month; C – Creek; L – Location;
R – Replicate.
C

L

Midstream

Reference

Upstream

M

R
b

c

b

c

b

May

Downstream

a

Upstream
c

Midstream

Impacted

b

a

Protein
Transposase for transposon Tn5
REP-associated tyrosine transposase
Prophage integrase IntA
Tetracycline repressor protein class A from transposon 1721
Transposase for transposon Tn5
Transposon Tn3 resolvase
Prophage integrase IntA
REP-associated tyrosine transposase
Prophage integrase IntA
Transposase for transposon Tn5
Transposon Tn10 TetD protein
Prophage integrase IntS
Transposon Tn7 transposition protein TnsC
Transposon Tn10 TetC protein
Transposon gamma-delta resolvase
Transposon Tn7 transposition protein TnsA
Transposon gamma-delta resolvase
REP-associated tyrosine transposase
Prophage integrase IntA
Transposase for transposon Tn5
Transposase for transposon Tn5
REP-associated tyrosine transposase
Prophage integrase IntA
Prophage integrase IntS
Transposon Tn10 TetD protein
Transposase for transposon Tn5
Prophage integrase IntA
REP-associated tyrosine transposase
Transposon gamma-delta resolvase
Transposase from transposon Tn916
Transposon Tn10 TetD protein
Transposon gamma-delta resolvase
Transposon Tn3 resolvase
Tetracycline repressor protein class A from transposon 1721
Transposase for transposon Tn5
Prophage integrase IntA
REP-associated tyrosine transposase
Transposon Tn7 transposition protein TnsB
Prophage integrase IntS
Transposon Tn10 TetD protein
Transposase from transposon Tn916
Transposon gamma-delta resolvase
Transposon Tn3 resolvase
Tetracycline repressor protein class A from transposon 1721
Prophage integrase IntA
Transposon Tn10 TetD protein
Transposase for transposon Tn5
Prophage integrase IntS
Transposase from transposon Tn916
REP-associated tyrosine transposase
Transposon Tn7 transposition protein TnsB
Tetracycline repressor protein class B from transposon Tn10
Transposon Tn10 TetC protein
REP-associated tyrosine transposase
Prophage integrase IntA
Transposase for transposon Tn5
Prophage integrase IntS
Tetracycline repressor protein class A from transposon 1721
Transposon Tn10 TetC protein
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Contigs

Reads
3
6
2
1
2
1
1
23
17
13
2
6
1
1
1
1
2
7
6
3
4
3
3
1
1
7
3
3
2
1
1
4
4
1
7
7
4
1
1
2
1
6
6
1
12
2
6
1
2
2
1
1
1
12
12
7
2
1
2

269
249
49
24
64
11
10
2794
2439
1931
1146
602
96
25
18
18
1170
627
272
116
428
114
102
11
10
821
123
113
86
32
14
22683
21401
1505
461
451
384
134
51
33
29
46863
26356
2138
1289
963
472
172
149
111
103
72
70
1329
1024
516
505
323
119

b

Downstream

a

Upstream

b

a

b

September

Midstream
Downstream

Reference

a

c

a

b

Upstream

Impacted

b

c

Transposase from transposon Tn916
Transposon Tn10 TetD protein
Transposon Tn3 resolvase
REP-associated tyrosine transposase
Prophage integrase IntA
Prophage integrase IntS
Transposase for transposon Tn5
Tetracycline repressor protein class A from transposon 1721
Transposon gamma-delta resolvase
Transposon Tn10 TetD protein
Transposase from transposon Tn916
Transposase for transposon Tn5
REP-associated tyrosine transposase
Transposon Tn10 TetD protein
Transposon Tn3 resolvase
Tetracycline repressor protein class A from transposon 1721
Transposon Tn10 TetC protein
Transposase from transposon Tn916
Transposase for transposon Tn5
REP-associated tyrosine transposase
Transposon Tn10 TetD protein
Transposon Tn10 TetC protein
Prophage integrase IntS
Prophage integrase IntA
Transposase for transposon Tn5
REP-associated tyrosine transposase
Transposon Tn10 TetD protein
Prophage integrase IntA
Transposase from transposon Tn916
Transposase for transposon Tn5
REP-associated tyrosine transposase
REP-associated tyrosine transposase
Transposase for transposon Tn5
REP-associated tyrosine transposase
Prophage integrase IntS
Tetracycline repressor protein class A from transposon 1721
Prophage integrase IntA
Transposon Tn10 TetD protein
Transposon gamma-delta resolvase
Transposase for transposon Tn5
Transposon gamma-delta resolvase
REP-associated tyrosine transposase
Prophage integrase IntS
Prophage integrase IntA
Transposase from transposon Tn916
Transposase for transposon Tn5
Transposon gamma-delta resolvase
Prophage integrase IntA
REP-associated tyrosine transposase
Transposon gamma-delta resolvase
Prophage integrase IntA
Tetracycline repressor protein class A from transposon 1721
Transposon Tn3 resolvase
Transposase for transposon Tn5
REP-associated tyrosine transposase
Tetracycline repressor protein class B from transposon Tn10
Prophage integrase IntS
Transposon Tn7 transposition protein TnsB
Transposon Tn10 TetD protein
Transposon Tn10 TetC protein
Transposon gamma-delta resolvase
Prophage integrase IntA
Tetracycline repressor protein class A from transposon 1721
Transposon Tn3 resolvase
Transposase for transposon Tn5
REP-associated tyrosine transposase
Transposon Tn7 transposition protein TnsB
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1
1
1
14
9
1
6
2
1
2
1
3
8
1
1
1
1
1
6
10
1
1
1
1
4
1
1
3
1
4
1
2
5
3
1
1
2
1
1
16
2
3
3
4
1
10
3
5
4
5
26
2
5
12
8
3
3
1
4
1
5
22
1
4
10
8
1

23
17
14
1923
1475
546
347
238
107
49
33
514
297
131
86
48
35
31
1139
534
57
31
24
17
174
107
84
65
60
345
15
72
502
213
55
50
34
25
20
1294
179
92
74
65
28
1056
519
152
128
6306
4517
4191
2899
1335
621
543
342
163
138
31
5749
4938
3474
1421
1075
608
528

Midstream

a

Downstream

c

a

c

Tetracycline repressor protein class B from transposon Tn10
Prophage integrase IntS
Transposon Tn10 TetD protein
Transposase for transposon Tn5
REP-associated tyrosine transposase
Prophage integrase IntS
Prophage integrase IntA
Transposon gamma-delta resolvase
Transposon Tn10 TetC protein
Prophage integrase IntA
Transposase for transposon Tn5
Prophage integrase IntS
Transposon gamma-delta resolvase
REP-associated tyrosine transposase
Transposon Tn3 resolvase
Tetracycline repressor protein class A from transposon 1721
Tetracycline repressor protein class B from transposon Tn10
Transposon Tn10 TetD protein
Transposase for transposon Tn5
REP-associated tyrosine transposase
Transposon Tn10 TetC protein
Prophage integrase IntA
Prophage integrase IntS
Transposase for transposon Tn5
REP-associated tyrosine transposase
Transposon Tn10 TetC protein
Transposon gamma-delta resolvase
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2
3
3
6
12
2
10
1
1
7
6
1
1
5
2
2
1
1
3
4
1
1
1
3
5
1
1

518
335
262
1465
1056
818
683
60
46
847
846
768
429
309
73
70
19
10
526
165
21
20
19
716
194
114
55

Chapter 6. Conclusions
This dissertation research led us to discover new knowledge on the effects of
animal waste and antibiotics on N2O emissions in terrestrial ecosystems and microbial
NO3- removal in aquatic ecosystems. Our methodological approach, combining activity
measurements with the molecular characterization of microbial communities, provided a
better understanding of the biotic and abiotic controls on denitrification, an important
ecosystem function.
Based on the results of Chapter 2, we can expect a drastic shift in the endproducts of denitrification in terrestrial environments contaminated with high amounts of
tetracycline antibiotics. The N2O/N2 ratio in these environments can be at least one order
of magnitude higher than in environments without antibiotic contamination. The
increased N2O production can be linked to a greater ratio of fungi:bacteria and a lower
abundance of microbial N2O reducers belonging to the nosZ-II clade. This clade appears
to be particularly sensitive to high concentrations of a broad-spectrum antibiotic and
crucial for soil N2O sink capacity. These findings provide an important implication for
N2O mitigation strategies in antibiotic-disturbed environments, such as wastewater
treatment plants and soils surrounding intensive animal production or impacted by
medical waste.
At lower antibiotic doses, however, the effects of tetracycline on soil N2O
emission are negligible, as reported in Chapter 3. Despite a subtle decrease in potential
N2 production, the antibiotic alone appears to have no significant impact on potential N2O
production and in-situ N2O fluxes. However, a synergistic effect between manure
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fertilization and tetracycline contamination increases N2O fluxes in agricultural soils, as
shown in the mesocosm experiment. This synergetic effect should be considered in
management practices aiming to lower N2O emission from agroecosystems.
When considering the impacts of wastewater from poultry processing plants on
denitrification, a considerable reduction in the denitrification activity can be expected
near wastewater discharges (Chapter 4). This decrease in denitrification activity is
associated with changes in the microbial community structure, such as a lower relative
abundance of bacterial taxa carrying denitrification genes and lower abundance of nosZ-I
carrying bacteria. These microbial changes can affect microbial N removal capacity of
tidal creeks, a vital ecosystem function in coastal environments. In addition to the lower
N removal capacity, the high N discharge associated with these facilities can cause a
major detrimental impact on ecosystem health. It would be advised to incorporate these
findings in future nutrient reduction strategies. In environments where denitrification is
inhibited, such as the one investigated in this study, the nutrient discharge allowable
should be considerably lower to compensate for the loss in N removal capacity.
Despite the recent public efforts to reduce antibiotic usage in the poultry industry,
abundance and diversity of antibiotic resistance genes (ARGs) and mobile genetic
elements (MGEs) are higher in a tidal creek impacted by poultry wastewater discharge
(Chapter 5). The higher abundances of ARGs indicate historic exposure to antibiotics in
the microbial communities present in the impacted creek, which possibly contributes to
the lower denitrification activities observed in the same creek (Chapter 4). Further efforts
to reduce antibiotic usage in the livestock and poultry industry would certainly be
beneficial to protect important ecosystem functions provided by microbial communities
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in the environment. Additionally, these efforts would contribute to reduce the spreading
of ARGs into pathogenic bacteria and prevent the associated negative effects in animal
and human health.
Overall, the findings of this dissertation emphasize the importance of microbial
communities to ecosystem health, but also their susceptibility to anthropogenic
disturbance. Despite their exceptional resistance and resilience, these “engines of life”
may not be as efficient as necessary towards maintaining the environmental sustainability
we seek for our planet.
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